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In recent years, the growing release of zinc oxide nanoparticles (ZnO NPs) 
from consumer-products in various sectors into sewage systems has raised 
concerns on the potential adverse impact on wastewater treatment plants. 
MBR systems, which have been widely used since 1990s for municipal 
wastewater treatment, are traditionally not designed to cope with the removal 
of nanoparticles. At present, the effect of this new emerging pollutant, ZnO-
NPs, on the performance of MBR system is still largely unknown.  
 
In this study, the effect of zinc oxide nanoparticles (ZnO-NPs) on the system 
performance and its removal behaviour in an MBR system were investigated. 
A lab-scale submerged MBR system was operated continuously for 242 days. 
Three experimental phases were conducted, with 0, 1 mg/L and 10 mg/L of 
ZnO NPs added into the system over the whole duration. Significant changes 
in COD, TN and phosphorous removal efficiency of the system were observed 
with the addition of 1 mg/L and 10 mg/L ZnO NPs. Concentrations of proteins 
and polysaccharides in SMPs showed significant changes while that of EPSs 
were affected to a smaller extent.  
 
The MBR system was efficient in removing ZnO-NPs from the wastewater, 
achieving higher than 95% removal efficiency on almost all days. Sorption 
onto biomass works well as the main removal mechanism at low ZnO-NPs 
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concentration while membrane rejection also plays a part in the removal of Zn 
when concentration was increased to 10 mg/L. 
 ZnO-NPs caused a major shift in the bacterial community structure but no 
significant change in community diversity as revealed from 16S rRNA gene-
based PCR-DGGE analysis. In addition, the type of EPS also changed from 
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bacterial community dynamics 
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1. 1 Nanoparticles 
Nanotechnologies development started in the 1980s with the making of a new 
type of microscope (atomic force microscope) which allows not only 
observation, but physical manipulation of objects at molecular and atomic 
levels. Nanoparticles are defined as having two or three dimensions between 1 
and 100 nm (ASTM International, 2006) and can feature different physical and 
chemical properties compared to their bulk materials. This extremely small 
feature size at the nanoscale means that the nanoparticles are of the same scale 
as the critical size for physical phenomena. Fundamental electronic, magnetic, 
optical, chemical and biological processes are different at nano-levels. In 
nanomaterials, the small size also ensures that many atoms will be near 
interfaces. As a result, surface properties such as energy levels, electronic 
structure and reactivity are quite different from those in bulk materials, giving 
rise to different and new material properties. These novel properties make 
nanoparticles attractive choices for product development in a wide spectrum of 
sectors, including biomedical applications, food, agriculture, information 
technology, energy production and more.  
 
However, such exceptional properties of nanoparticles might not only favour 
their applications, but at the same time cause their novel toxicity. 
Nanoparticles may be more toxic than larger particles of the same substance 
(Lam et al., 2004) because of their larger surface area, high ratio of particle 
number to mass, enhanced chemical reactivity, and potential for easier 
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penetration of cells (Gurr et al., 2005). To give some perspective to the role of 
size, consider that 2 g of 100 nm-diameter nanoparticles apportioned equally 
to a potential exposure of some 300 000 particles per individual (Hardman, 
2006).  It had been found that the reactive surface of nanoparticles can result 
in the direct generation of harmful oxyradicals termed reactive oxygen species 
(ROS) which can cause cell injury by attacking DNA, proteins and membranes 
(Moore, 2006). Furthermore, the ability of these particles to penetrate the body 
and cells provides potential routes for the delivery of nanoparticle-associated 
toxic pollutants to sites where they would not normally go. Nanoparticles can 
then behave like a vector on which hazardous compounds are concentrated. 
While medicinal applications of nanoparticles benefit from the same property 
to deliver drugs to diseased cells in order to improve the bioavailability of a 
drug, biodistribution of some nanoparticles may not be known exactly, so they 
may accumulate in the body over time, leading to potential dangers.  
 
Particles in the nano-size range, for example soot and organic colloids, have 
been present on earth for millions of years. However, in recent years, 
nanoparticles have attracted a lot of attention because of our increasing ability 
to synthesize and manipulate such materials. The Woodrow Wilson Database 
listed an inventory of 1317 consumer products containing engineered 
nanoparticles on the market in March 2011 which has grown by nearly 521% 
since March 2006. Commercially important nanoparticles include metal oxide 
nanopowders, such as silica (SiO2), titania (TiO2), alumina (Al2O3) or iron 
oxides (Fe3O4, Fe2O3), and other nanoparticle materials like semiconductors 
metals or alloys. Besides these, molecules of special interest that fall within 
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the range of nanotechnology are fullerenes and dendrimers (tree-like 
molecules with defined cavities), which may find application for example as 
drug carriers in medicine.  
 
With estimates for the production of engineered nanomaterials expected to 
increase to 58000 tons per year between 2011 and 2020 (UNEP, 2007), it is 
inevitable that engineered NPs from nanoscale products and by-products will 
be released into soils, sediments and aquatic ecosystems, since industrial 
products and wastes inevitably end up in waterways (e.g., drainage ditches, 
rivers, lakes, estuaries and coastal waters) despite safeguards. Meanwhile 
concerns on their potential adverse effects on microorganisms and the 
environment are gradually emerging and are not yet well understood (Pan et 
al.,2010, Woodrow Wilson Database, 2011). Occasionally, accidental spillages 
or permitted release of industrial effluents in aquatic systems could also lead 
to direct exposure to nanoparticles for humans via inhalation of water aerosols, 
skin contact and direct ingestion of contaminated drinking water or particles 
adsorbed on vegetables or other foodstuffs (Moore, 2006). More indirect 
exposure could arise from ingestion of organisms such as fish and shellfish 
(i.e. mollusks and crustaceans) as a part of the human diet.  
 
1. 2 Zinc oxide nanoparticles 
Due to its excellent UV absorption and reflective properties, ZnO-NPs are 
common constituents in many consumer products such as sunscreen, 
cosmetics, paints and coatings etc. In the period 2003 to 2004, global 
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production of NPs, consisting of titanium dioxide and zinc oxide, in sunscreen 
products was estimated to be approximately 1000 tonnes (Borm et al., 2006a). 
In a most recent study, the annual production of ZnO-NPs was predicted to be 
1600 tonnes in European Union countries alone in 2012 (Sun et al., 2014).  
The discovery of new application areas may further increase the production 
volumes, and lead to a proliferation of ZnO-NPs in the environment in the 
near future.  
 
Currently, there is no evidence to suggest that humans are adversely affected 
by ZnO-NPs through their use in consumer products. However, ZnO NPs are 
known to partially dissolve in water, hence ZnO-NP-containing products are 
likely to release both dissolved zinc and ZnO-NP into the environment which 
are likely to persist and bioaccumulate. Ecotoxicological literature has 
reported the adverse effect of ZnO-NPs on bacteria and other microbes, algae 
and plants, invertebrates, and vertebrates (Ma et al., 2013). Other studies have 
shown that concentrations of 10 ng/L to 500 ng/L of ZnO-NPs in surface 
waters and sewage sludge respectively are potentially problematic (Mueller 
and Nowack, 2008; Gottschalk et al., 2009; Nowack 2009). 
 
In view of the emerging concern of ZnO-NPs, risk assessment studies of 
engineered nanoparticles (ENP)-containing zinc oxide have identified 
wastewater treatment plants as important intermediate barriers in controlling 
the release of ENPs from consumer products into the aquatic environment. 
Indeed, the presence of ZnO NPs in WWTPs has been frequently reported in 
recent years (Gottschalk et al., 2009; Ma et al., 2013).  This brings about a 
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new interest in the effect of ZnO-NPs on wastewater microorganisms. Since 
ZnO-NPs are known to have anti-microbial properties, it will be fair to 
postulate that their release into wastewater systems may adversely affect the 
microbial communities found in biological treatment processes. In this case, 
released ZnO-NPs could potentially decrease the effectiveness of contaminant 
removal in biological treatment processes and cause non-compliance with 
effluent discharge limits.  
 
Hence, there is a critical need to evaluate whether or not ZnO-NPs exhibit 
toxicity to wastewater sludge to the extent that it affects the wastewater 
treatment efficiency significantly. It remains to be seen whether bacteria in the 
activated sludge is protected significantly enough by the extracellular 
polymeric substances (EPS) and whether there is toxicity in the form of 
respiration inhibition when exposed to ZnO-NPs. It had been suggested in 
several studies that bioaccumulation is a major pathway for nanoparticles 
removal from wastewater, and it would be necessary to investigate the case for 
ZnO-NPs which will have impact on further downstream processes such as 
sludge treatment and disposal. At present, it is also unknown whether changes 
in speciation of ZnO-NPs (i.e. dissolution to free Zn ions or precipitation as 
ZnS) will occur in wastewater and the potential toxicity, if any. In view of 
these issues, it is important that the fate and transformation of ZnO-NPs during 
the wastewater treatment process be examined in detail. Lastly, it is also 
important to study the changes in bacteria community structure due to long-
term exposure of ZnO-NPs in order to gain more insight into the microbial-
NPs interaction in wastewater treatment process.  
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1.3 Membrane Bioreactors  
Over the past decade, membrane bioreactor (MBR) systems have emerged as 
an effective solution to transforming various wastewaters into high quality 
effluent for meeting stricter discharge regulations. Membrane bioreactors 
(MBR) combine the use of biological processes and membrane technology to 
treat wastewater. After removal of soluble biodegradable matter in the 
biological process, any biomass formed needs to be separated from the liquid 
stream to produce the required effluent quality. In the conventional process, a 
secondary settling tank is used for such solid/liquid separation and this 
clarification is often the limiting factor in effluent quality. Membrane 
filtration, on the other hand, makes use of a membrane as a barrier between 
two phases to achieve separation. The main advantages of choosing MBR over 
the conventional activated sludge system (CAS) in wastewater treatment are 
lower sludge production and smaller carbon footprint. Conversely, the main 
challenges are in higher energy and equipment costs and membrane fouling.  
 
In wastewater treatment using MBR, ultrafiltration (UF) membranes of pore 
size 0.1-0.4 µm are typically used, and thus able to remove bacteria and other 
micron-sized pollutants from wastewater. The question of how effective MBR 
is in removing nanoparticles, specifically ZnO-NP, now arises. Typical 
wastewater treatment systems, MBRs included, are not designed to treat 
wastewater containing significant amounts of nanoparticles. The mechanisms 
of particle transport and the impact of particle size during wastewater 
treatment have traditionally been studied for micron sized pollutants, but very 
7 
 
little information is currently available on the fate of nanoscale materials in 
treatment processes.  
 
Several studies had confirmed that a considerable amount of the NPs, 
including zinc oxide, released into the activated sludge process can be 
absorbed by the activated sludge, resulting in a reduction of NPs in the 
effluent and an accumulation in the biomass (Kaegi et al., 2011). Once 
attached to biomass, the removal of nanoparticles is associated with the 
settling and removal of the biomass. Hence any impact on the sludge 
properties due to the long-term presence of ZnO-NPs may affect sludge 
settling and eventually result in poorer Zn removal efficiency. Since MBR 
systems work by principle of filtration instead of settling, it is predicted that 
there will be higher ZnO-NPs removal efficiency from wastewater. However, 
bearing in mind that microbial community in MBR differs significantly from 
that in CAS, and hence very likely to have different microbial-ZnO NPs 
interactions, more work needs to be done to evaluate the removal efficiency of 
ZnO-NPs by MBR.  
 
There is a glaring gap in knowledge in the fate and effect of nanoparticles in 
MBR systems for wastewater treatment. Most studies were done on simulated 
CAS processes with conditions very different from those in MBR systems. For 
example, microbial community analyses had revealed significant differences 
between the two systems, and floc size in MBR mixed liquor was also 
reported to be smaller than that in CAS system. Currently, the effect of the 
presence of ZnO-NPs on the MBR bacteria community is largely unknown. It 
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will also be important to investigate the influence of ZnO-NPs in wastewater 
on membrane fouling, which remains a key challenge in MBR operation. As 
both membrane fouling and microbial-ZnO NPs interactions had been found to 
have links with extracellular polymerous substances (EPS) production, this is 
an area that requires further study. The roles of all these factors on the 
performance of the MBR system and in ZnO-NPs removal were investigated 
in this study. 
 
1.4 Objectives of research 
In this research, the primary interest was to investigate the effect of ZnO-NPs 
on an MBR system, with the following main objectives: 
 To examine the effect of ZnO-NPs on the treatment efficiencies of MBR 
system in wastewater treatment 
 To examine the removal of ZnO-NPs by MBR 
 To examine the microbial community in MBR in the presence of ZnO-NPs. 
 
1.5 Scope of research 
To achieve these objectives, the scope of this research included investigating: 
 The total carbon, total nitrogen and total phosphate removal in the 









-P) in the influent, mixed liquor and effluent of the 
MBR system.  
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 The sludge characteristics in the MBR system by monitoring Mixed 
Liquor Suspended Solid (MLSS), Mixed Liquor Volatile Suspended 
Solid (MLVSS) and Sludge Volume Index (SVI).  
 The Trans-Membrane Pressure (TMP) of the MBR system to monitor 
membrane fouling rate. 
 The Soluble Microbial Products (SMP) and Extracellular Polymeric 
Substances (EPS) contents in the activated sludge, which were 
monitored and quantified in terms of polysaccharide and protein 
content.  
 The effect of ZnO-NPs on activated sludge by monitoring any changes 
in morphology of activated sludge before and after addition of ZnO-
NPs into the MBR system using Scanning Electron Microscopy (SEM).   
 The effect of ZnO-NPs on the bacteria community dynamics in the 
activated sludge using Denaturing Gradient Gel Electrophoresis 
(DGGE).  
 The amount of ZnO-NPs in the influent, mixed liquor and effluent of 
the MBR system to monitor the removal efficiency of ZnO-NPs in the 
MBR system, and 






1.6 Schedule of Various Experimental Phases 
This study consisted of Phase 1, 2 and 3. Phase 1 consisted of running and 
observation of the MBR system prior to ZnO-NPs loading. The performance 
of MBR in terms of organic matter, total nitrogen and total phosphorus 
removal, bacterial community dynamics in the activated sludge and membrane 
fouling rate were monitored throughout Phase 1 for a period of 68 days. In 
Phase 2, loading of ZnO-NPs into the MBR system was carried out at 1 mg/L 
for 92 days. This was followed by a run over 82 days during which 10 mg/L of 
ZnO-NPs was loaded into the system (Phase 3). In addition to all parameters 
monitored in Phase 1, characterization of ZnO-NPs and removal of ZnO-NPs 





2.1 Zinc oxide nanoparticles  
Zinc oxide nanoparticles (ZnO-NPs), with its unique catalytic capacity, 
optoelectronic properties, antimicrobial activity as well as excellent UV 
absorption and reflective properties, have been widely used in semiconductors, 
cosmetics, sunscreens, plastic additives, and pigments among a wide range of 
other applications (Wu et al., 2010 and Li et al., 2013).  Among other NPs, 
ZnO constitutes a potentially important diffuse source of NP contamination 
(Ju-Nam and Lead, 2008) because of its incorporation into sunscreens and 
cosmetics, and subsequent wash-off from individuals into the environment. 
Due to the growing production and usage of ZnO nanomaterials in many 
consumer products, there are now raised concerns about their potential risk for 
the environment and human health. ZnO NPs have been identified in 31 
nanoparticles containing products (http://nanotechproject.org/44), and recent 
studies on ZnO NPs have shown some toxicological activity on algae (Adams 
et al., 2006), bacteria (Brayner et al., 2006; Franklin et al., 2007), and other 
tests organisms (Wang et al., 2010).  
 
In addition, NPs in general and ZnO NPs in particular are often 
commercialized and used with an organic coating which aims to better control 
their surface properties. Hence, when industrial NPs are released in the 
environment, their core structure will rarely be in direct contact with the 
natural media, and the impact of these organic coatings on ZnO NPs behaviour 
is unknown. Nanoparticles released from the various household and industrial 
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products will ultimately enter the wastewater treatment plants (WWTP) and 
end up in wastewater sludge. Due to their high reactivity, it is unlikely that 
engineered NPs will remain in their original form after release into the 
environment. Environmental components will inevitably interact with NPs and 
influence their physicochemical properties and microstructure and 
consequently determine their potential toxicity and fate in the environment. At 
present, the fate and transformation processes of these ZnO-NPs are difficult 
to evaluate and control, and more research needs to be done to assess the 
impact of these ZnO-NPs on the WWTP. 
 
2.1.1 Environmentally relevant concentrations 
In order to establish a relevant and applicable risk profile, water quality 
parameters must be closely and regularly monitored. An analysis of currently 
available data for engineered nanoparticles (ENP) risk characterization relative 
to the environment and human health recommended the modelling of reliable 
exposure scenarios as an important first step to adequate risk assessment 
(Aschberger et al., 2011). These exposure models will require ENP 
characterization data, such as the type, form, and surface characterization, as 
well as predictions of ENP fate and transport within the environment, 
including degradation and solubility, and finally, an occurrence study of ENP 
environmental concentrations. With these types of models, an appropriate 
relationship between ENP fate (in our case ZnO NPs) and water type can then 
be developed. A summary of commonly studied environmental processes that 
directly affect ENP persistence is shown in Table 2.1.  
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Table 2.1 Potential fate of nanoparticles in aquatic systems (Klaine  et al., 




Various properties of ZnO-NPs have made them attractive constituents in 
many consumer products. In European Union countries alone, annual 
production of ZnO-NPs in 2012 was 1600 tonnes (Sun et al., 2014). Zinc 
oxide is used mainly in sunscreens and paints or coatings. Usage data 
published by Lorenz et al. (2011) indicate that about 40% of the German 
population can be expected to use sunscreen, for about 20 days a year. 
Combining the scarce available data which included indicative figures on the 
content of nanomaterials in various products and usage profiles, an estimate on 
the contribution of nanoparticles to the annual metal load of two Dutch rivers 
was reported by Markus et al., 2013. It was predicted that the added 
concentrations of zinc into the two rivers were 5.5 and 1.0 µg/L annually. The 
figures are as summarized in Table 2.2. 
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Table 2.2. Concentration of nanomaterials in consumer products (in g/kg 
or mg/kg product) and the consequent added concentration and releases 
in the Dutch reaches of the Rhine and Meuse. (The number of 
applications per year refers to the average number of applications per 
person. Data from: Boxall et al. (2007) and Weir et al. (2012). Usage per 




There have also been a few other modelling studies for nano-ZnO particles in 
water and soil.  Current estimates of ZnO NP concentrations in the UK 
environment range from less than 100 ug/l (in water) to a few mg/kg (in soil) 
(Boxall et al., 2007). Another study by Gottschalk et al. (2009) reported ZnO 
NP concentrations of 10 ng/l in natural surface water and 430 ng/l in treated 
wastewater in Europe, 1 ng/l in natural surface water and 300 ng/l in treated 
wastewater in US and 13 ng/l in natural surface water and 440 ng/l in treated 




Table 2.3. Modeled concentrations of ZnO nanoparticles released into 
environmental compartments in different countries, shown as mode (most 












a Gottschalk et al. (2009). For air, surface water and sewage treatment plant 
(STP) effluents, the results illustrate current 2008 engineered nanomaterial 
(ENM) concentrations; for soil, sludge treated soil and sediments the annual 
increase of ENM concentration. 
 
 
Other studies on the applications of common nanoparticles and estimates of 
their potential environmental concentrations had reported higher predicted 
modelled concentrations of ZnO of 76 µg/L and 3194 µg/kg in water and soil 
respectively (Roco 2005, Lin et al., 2010, Ferreira da Silva et al., 2011). A 
summary of some common nanoparticles, their respective applications, and 
some estimates of their potential environmental concentrations is presented in 


















Table 2.4. Some common nanoparticles, their respective applications, and 
some estimates of their potential environmental size concentrations 
(Adapted from refs. (Roco 2005, Lin et al., 2010, Ferreira da Silva et al., 
2011)) 
 
Besides modelling studies, analytical studies on ZnO-NPs release into the 
environment have also been published, albeit even fewer, mainly due to the 
lack of suitable quantitative analytical techniques capable of measuring the 
amount of manufactured nanoparticles in a water system. In one such study, 
the measured environmental concentrations  (MECs) for a local effluent canal 
in Singapore was reported to be 1.58 ± 0.59 mg/L of nano-ZnO particles in 
their effluent water sample  (Majedi et al., 2012).  
 
The explosion of nanotechnology makes it inevitable that ZnO-NPs released 
from the various sources will ultimately find their way into domestic and 
industrial waste streams. Indeed, the presence of ZnO NPs in WWTPs has 
been frequently reported in recent years (Ma et al., 2013 and Gottschalk et al., 
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2009). According to a report issued by EPA in 2009, the zinc content in 
WWTPs (84 in total) biosolids was 8.55 g/kg-SS (US EPA, 2009). 
Investigations in China in 2011 (139 WWTPs in total) and in 2009 (107 
WWTPs in total) showed the average concentration of Zn in biosolids was 
1.03 g/kg-SS and the maximum concentration was 9.14 g/kg-SS (Ma et al., 
2011; Yang et al., 2009), greatly exceeding the standards for agricultural use 
(1.00 g/kg-SS in China). 
 
Several studies have shown that a fairly large proportion, typically 70% to 
95% of most metal nanoparticles released from consumer products are 
retained by wastewater treatment plants (Benn and Westerhoff, 2008; Kiser et 
al., 2009; Tiede et al., 2010). However, the fate of ZnO-NPs during and after 
wastewater treatment remains largely unknown. Conventional wastewater 
treatment plants are not designed to remove nanoparticles from wastewater 
stream, and the effect of nanoparticles on the treatment efficiencies of 
wastewater process also remains unknown. 
 
2.1.2 Stability of zinc oxide nanoparticles in aqueous environment 
To understand the potential risks of ZnO-NPs to microbial populations in 
wastewater treatment plants, it is hence important to examine the 
environmental factors that control their stability in relation to the fate, 
transport, and transformation as well as the exposure levels and biological 
effects of ENPs to the microbial populations. NPs have inherently very high 
surface areas and are, therefore, especially surface reactive compared to their 
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bulk counterparts. In particular, interactions between natural water 
components and ENPs may cause aggregates to form if the particles become 
destabilized. These interactions may also result in the breakup of aggregates if 
the particles are subsequently stabilized. 
 
Generally, metal and metal oxide ENPs become stabilized by negative zeta 
potentials in the presence of small amounts of natural organic matter (NOM) 
in natural aquatic matrices (Zhang et al., 2009, Keller et al., 2010). However, 
ENPs containing metal oxides stabilized by NOM can be subsequently 
destabilized and thus aggregate in the presence of divalent cations, specifically 
Ca
2+
 in the 0.04–0.06 M range (Zhang et al., 2009). Specifically, studies have 
shown that once ZnO nanoparticles enter into natural waters, their 
physicochemical properties (especially their dissolution behavior) will be 
affected by water chemistry such as pH, ionic components, and dissolved 
organic matter (DOM), and thus the toxicity of nano-ZnO may be changed.  
 
A recent study indicated that solubility of ZnO decreases with increasing pH, 
and humic acid (HA) enhances the dissolution of ZnO at high pH (9.0, 11.0) 
(Bian et al., 2011). Li et al. (2011b) found organic matter could reduce the 
toxicity of nano-ZnO, but Blinova et al. (2010) reported that dissolved organic 
carbon (DOC) could not decrease the acute toxicity of nano-ZnO to 
crustaceans in natural water. In respect to ionic components, only the 
inhibition effect of phosphate on the dissolution of nano-ZnO was reported (Li 
et al., 2011a, 2011b; Lv et al., 2012), and the effects of other ions on the 
toxicity of nano-ZnO have not been recognized. 
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Moreover, ZnO-NPs were found to undergo aggregation that resulted in the 
formation of larger micrometer-sized particles during the dissolution study at 
neutral pH, either in the presence or absence of citric acid (Mudunkotuwa et 
al., 2012). Molina et al. (2011) investigated the influence of amino acids on 
the behavior of ZnO-NPs, and their findings suggested that particle size 
distribution decreases as the amino acid concentration increases, affecting the 
stability of NPs in an aqueous suspension. In a study by Zhou and Keller 
(2010), ionic strength was found to impact more on spherical-shaped ZnO than 
irregular-shaped ZnO ENPs, while NOM hindered aggregation of both 
morphologies. 
 
Chaúque et al., 2013 discussed the impacts of stability of ZnO-NPs in 
wastewater treatment. It was found that the release of zinc from ZnO-NPs in 
wastewater was more significant under acidic conditions and low ionic 
strength, but the release of zinc from ZnO-NPs in wastewater is lower 
compared to de-ionized water, indicating the role of biomass present in 
wastewater. Under alkaline conditions, a large percentage of ZnO-NPs  
showed strong affinity for the sewage sludge rather than being dissolved or 
dispersed in the filtrate. The depositions of NPs on sludge suggested their 
removal by abiotic, bio-sorption and bio-solid settling mechanisms. 
Consequently, this also implies that in typical wastewater treatment systems, 
they are therefore likely to be introduced into the environment through the use 
of sludge for agricultural purposes as well as possible release as fly ash during 
sludge incineration. In the same study, it was also reported that the size of 
ZnO ENPs was found to significantly increase upon exposure to wastewater, 
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an observation that suggests the sorption and stabilization ability of NOM such 
as humic acid present in wastewater. 
 
2.2 Ecotoxicity effects of zinc oxide nanoparticles 
The production and use of engineered nanomaterials (ENM) in many 
innovative products are ever growing but at the same time, there is also raised 
concern over their potential risk for the environment and human health. Toxic 
effects of ZnO NPs on aquatic and terrestrial species have been identified, 
with some concentration being as low as less than 1 mg/L for certain species 
(Ma et al., 2013). Early studies on metal and metal oxide ENM have shown 
nano-silver and nano-ZnO to be much more toxic to different fish life stages 
than nano-TiO2 (Zhu et al., 2008; Cheng et al., 2009). For instance, Zhu et al. 
(2008) reported that ZnO NPs is highly toxic to zebrafish embryo during its 
early development stage, with ZnO NPs (20 nm) having a 96-h LC50 of 1.79 
mg/l and 84-h EC50 (hatching rate) of 2.06 mg/l, respectively. Similarly, 
nano-Ag and nano-ZnO were highly toxic to crustaceans in acute tests, with 
LC50 of 40 μg/L for nano-Ag for Daphnoa pulex and LC50 of 3.2 mg/L for 
nano-ZnO for D. magna offspring (Griffitt et al., 2008; Gottschalk et al., 2009). 
Studies on freshwater crustaceans such as Daphnia magna and 
Thamnocephalus platyurus had reported comparable L(E)C50s for ZnO-NPs 
in both. For example, Heinlaan et al. (2008) reported 48-h LC50s for ZnO-NPs 
(50-70 nm) of 3.2 mg/l and 0.18 mg/l to D. magna and T. platyurus. For the 
same material, Blinova et al. (2010) reported 48-h EC50 of 2.6 mg/l to D. 
magna and 24-h LC50 of 0.14 mg/l to T. platyurus. A recent study also 
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reported that 1 mg/L nano-ZnO could affect survival, growth, and 
reproduction of a marine amphipod, Corophium volutator (Fabrega et al., 
2012).  
 
Only a few studies on algae are available. Miller et al. (2010) reported that 
ZnO NPs (20-30 nm) at 1 mg/l depressed growth rate of four marine 
phytoplankton species including Skeletonema marioni, Thalassiosira 
pseudonana, Dunaliella tertiolecta,and Isochrysis galbana, by 50 to 75%. 
Toxicity of ZnO NPs to microalgae Pseudokirchneriella subcapitata was 
found to be similar to their bulk counterparts and ZnSO4 (72 h EC50 = 0.04 
mg Zn/l) (Aruoja et al., 2009). Franklin et al. (2007) reported comparable 
toxicity of ZnO NPs, bulk ZnO, and ZnCl2 to P. subcapitata with a 72-h IC50 
near 0.06 mg Zn/l. Nano-ZnO was also found to exhibit negative effects on 
plant species; nano-ZnO affected seed germination, root elongation, decreased 
biomass, and increased oxidative stress in various plant species (Lin and Xing, 
2007; Manzo et al., 2011).  
 
2.2.1 Mechanisms of zinc oxide nanoparticles 
As ZnO-NPs are known to partially dissolve in water, exposures in aquatic 
systems are expected to involve both soluble and particulate species. The toxic 
action of metal and metal oxide NPs can potentially involve at least three 
distinct mechanisms. Firstly, particles may release toxic substances into 
exposure media, e.g. free Ag
2+
 ions from silver particles. Secondly, surface 
interactions with media may produce toxic substances, e.g. chemical radicals 
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or reactive oxygen species (ROS). Thirdly, particle or their surfaces may 
interact directly with, and disrupt biological targets, e.g. carbon nanotube 
interaction with membranes or intercalation with DNA.  
 
In the case of ZnO-NPs, solubilized Zn
2+ 
ions from ZnO-NPs have been shown 
to contribute substantially to the cytotoxicity of these NPs (Brunner et al., 
2006). Zhu et al. (2008), using a dissolution test, found approximately 30% of 
dissolution of the ZnO NPs, and that the dissolved zinc ion was at least 
partially responsible for the toxicity to zebrafish embryo in its early 
developmental stage. The authors later reported that micro-sized ZnO NP 
aggregates in zebrafish fish culture medium caused dose-dependent effects to 
embryo hatching with a 84-h EC50 of 23.06 mg/l, and that the toxicity was 
likely to be due to a combination of effects from dissolved Zn ions and particle 
aggregates (Zhu et al., 2009b). Similarly, Bai et al. (2010) reported that in a 
ZnO NPs (30 nm) suspension, dissolved Zn ions, small aggregates, and big 
aggregates jointly exerted influence on the early development of zebrafish 
embryos, with 50 and 100 mg/l causing mortality in embryos and 1-25 mg/l 
causing retarded hatching. Separate studies on freshwater crustaceans like D. 
magna and T. platyurus had also demonstrated that toxicity of ZnO NPs was 
due to solubilized Zn ions as suggested by recombinant Zn-sensor bacteria 
(Heinlaan et al., 2008; Blinova et al.,2010). 
 
ZnO is also a photocatalyst and promotes the generation of ROS under 
irradiation with energy at or above its band gap energy 3.37 eV (equivalent to 
wavelength 368 nm), a process which has been shown to produce significant 
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toxicity to higher organisms (Ma et al., 2009, 2011). Energy at wavelength at 
or below 368 nm comprises approximately 6% of the sunlight energy reaching 
the earth’s surface (although this varies depending on atmospheric conditions) 
(Diamond et al., 2002). Currently, this mode of action for ZnO NP toxicity is 
very much understudied as the majority of toxicity studies were conducted 
under ambient laboratory lighting which contains negligible or no UV 
radiation. A few studies have documented that toxicity of ZnO NPs was 
significantly enhanced under natural sunlight (Adams et al., 2006; Lipovsky et 
al., 2009) as compared to laboratory fluorescent lighting or under darkness. 
This photo-induced toxicity in higher organisms was first demonstrated by Ma 
et al. (2011) who reported that under natural sunlight, ZnO NPs (60-100 nm) 
caused mortality in the nematode Caenorhabditis elegans within two hours 
with a 2-h LC50 of 25 mg/l, whereas the same concentrations of ZnO NPs 
induced no adverse effects under laboratory lighting or dark conditions. This 
phototoxicity was closely related to photocatalytic ROS generation by the NPs 
as indicated by concomitant methylene blue photo-degradation. Certain ZnO 
NPs (i.e., those doped with an “impurity atom”) have been found to be photo-
activated under visible light and elicit killing effects to cells (Lipovsky et al., 
2011) or bacteria (Sapkota et al., 2011). On the other hand, it has also been 
suggested that ROS generation can occur in the absence of photochemical 
energy and that this might be a paradigm for NP toxicity in general (Navarro 
et al., 2008). Determining whether, and under which conditions, each of these 
mechanisms contributes to toxicity is essential for assessing the potential 




2.2.2 Effects of zinc oxide nanoparticles on bacteria 
Due to their long-recognized antimicrobial activity and wide applications as 
antibacterial and antifungal agents, the toxicity of ZnO-NPs has been studied 
on a broad range of pathogenic bacteria. Adams et al. (2006) did a 
comparative study on the potential eco-toxicity of nanosized titanium dioxide 
(TiO2), silicon dioxide (SiO2), and zinc oxide (ZnO) water suspensions using 
Gram-positive Bacillus subtilis and Gram-negative E. coli as test organisms 
and reported that antibacterial activity generally increased from SiO2 to TiO2 
to ZnO, and B. subtilis was most susceptible to their effects. Different types of 
bacteria have been shown to have different reactions to the same nanomaterial. 
In a more recent study, Gram-positive bacterium such as Staphyloccocus 
aureus was found to be more susceptible to ZnO-NP toxicity than Gram-
negative bacteria such as Escherichia coli and Pseudomonas aeruginosa 
(Premanathan et al., 2011). Other toxicity studies of ZnO-NPs to bacteria have 
focused on ecologically relevant species, mostly on E. coli (Premanathan et 
al., 2011, Li et al., 2011b, Liu et al., 2009).  These studies reported highly 
variable toxicity data, with IC50s (growth inhibition) ranging from less than 1 
mg/l to several hundred mg/l or higher. This high variation exists even within 
the same E. coli species. Toxicity of ZnO NPs is also shown to be dependent 
on the species of bacteria. For example, at 10 mg/L of ZnO-NPs, there was 
signiﬁcant growth inhibition (up to 90%) of Bacillus subtilis but only 22% 
growth inhibition of E. coli (Adams et al., 2006). 
 
Several studies on bacteria have attempted to understand the impact of water 
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chemistry on bioavailability and toxicity of ZnO-NPs.  In one of these studies, 
toxicity of ZnO-NPs (30 nm) to B. subtilis and E. coli was most significantly 
influenced by Zn
2+
dissolution and organic matter (Li et al., 2011b).  A few 
more recent studies have investigated effects of ZnO-NPs under 
environmentally-relevant settings involving bacterial communities. ZnO-NPs 
were found to reduce microbial biomass and diversity in soil bacterial 
community after the soil was exposed to nanoparticles for 60 days (Ge et al., 
2011).  
 
2.2.3 Effects of zinc oxide nanoparticles on wastewater treatment  
As discussed in previous sections, various studies have shown the toxicity 
effect of ZnO-NPs on bacteria and other microorganisms. Hence, there is 
growing concern that their release into wastewater streams may have adverse 
effects on the microbial community present in wastewater treatment processes. 
 
Wastewater contains diverse microorganisms with different surface charges 
and sorption potentials. ENP–microbial interaction may not be particle size-
dependent alone and could vary in different culture and environmental 
conditions especially when the organisms can synthesize extracellular 
polysaccharides substances (EPS). Cells within a biofilm matrix are typically 
embedded in a coat of EPS restricting direct contact or lowering the effective 
dose of ENPs (Liu et al., 2007). In a recent study, NOMs and EPS have been 
found to hinder C60-bacterial biomass interaction in activated sludge (Kiser et 
al.,2010). Significant factors likely to determine ENPs–microbial interactions 
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in wastewater include solubility, bioavailability and bioreactivity. ENPs–
microbial interactions are presumably reduced by aggregation which is likely 
to restrict the efficiency of cellular contact and thus reduces the bioavailable 
dose (Depledge et al., 2010; Grieger et al., 2010). 
 
Recent studies have shown that some types of nanoparticles, such as ZnO, 
TiO2, Al2O3, CeO2 and Ag, can decrease the abundance of the microbial 
community and reduce microbial diversity in activated sludge systems (Zheng 
et al., 2011) It has also been reported that all three forms of Zn, namely bulk 
ZnO, nano-ZnO and soluble Zn, were found to adversely impact activity in 
activated sludge, with soluble Zn exhibiting the greatest toxicity. In particular, 
the effects of bulk ZnO and nano-Zn on activated sludge were caused by 
soluble Zn resulting from ZnO particle dissolution. The IC50 values of soluble 
Zn on activated sludge endogenous respiration, BOD biodegradation, 
ammonia oxidation, and nitrite oxidation were 2.2, 1.3, 0.8, and 7.3 mg-Zn/L, 
respectively (Liu et al., 2011). It is important to increase understanding and 
assess the effect of ZnO-NPs on wastewater biomass as this may directly 
impact treatment efficiency and effluent discharge levels.      
 
At present, the fate of ZnO-NPs during wastewater treatment process in real 
treatment plants is still largely uncertain and literature is mostly limited to 
studies on simulated wastewater treatment processes. Zheng et al., 2011 
studied the short term exposure effect of ZnO-NPs on biological nitrogen and 
phosphorus removal in wastewater using a sequencing batch reactor (SBR). It 
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was found that there was decrease in nitrogen and phosphorus removal for 
10mg/L and 50 mg/L ZnO, but no effect was observed for 1 mg/L ZnO. These 
results corroborate a study which found that 3-hr short term exposure of 1 
mg/L of ZnO-NPs did not impact phosphorus and nitrogen removal (Hou et 
al., 2013). However, in a separate long-term study on SBR (Puay et al., 2014) 
over a continuous 120-day run, it was found that the removal of phosphorus 
and total nitrogen removal was inhibited, but the removal of COD from 
wastewater was not significantly inhibited by 1 mg/L ZnO. Results from all 
three studies concurred that the first step of nitrification was most sensitive to 
ZnO-NPs, suggesting that ammonia-oxidizing bacteria were most susceptible 
to inhibition by nano-ZnO. The long term fate and effects of ZnO-NPs on 
wastewater treatment under anaerobic conditions were studied by Otero-
González et al. 2014. Using lab-scale upflow anaerobic sludge blanket 
(UASB) reactors, exposure to 34.5 mg Zn/L showed more rapid and 
permanent decline in methane production and removal of acetate and 
propionate than a low concentration of 0.32 mg Zn/L.   
 
Although MBR system works mainly by the principle of filtration rather than 
settleability, it is important to investigate the effect of ZnO NPs on sludge 
characteristics, as this will have an impact on removal efficiency and 
membrane fouling. Studies on effect of NPs on physicochemical stability of 
activated sludge flocs are by far fairly rare. It was reported that with long-term 
exposure to nano-TiO2, bioflocs had a low settlement efficiency of the 
corresponding activated sludge (Yang et al., 2013). This was due to the 
predominance of repulsive force in the bioflocs system as the concentration of 
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nano-TiO2 increased, owing to the corresponding increase in the density of the 
negative charge. The bioflocs exposed to 100 ppm nano-TiO2 presented the 
strongest stability compared to the other two samples with low concentrations 
of nano-TiO2. Hence, it remains to be seen whether similar observations will 
be made in the case of ZnO NPs. 
 
As most of the released ZnO-NPS were observed to be removed by activated 
sludge via sorption, aggregation and settling in WWTPS ((Kiser et al., 2010, 
2009), it is also important to examine how these nanoparticles impact sludge 
treatment systems. Studies of anaerobic digestion, a commonly used solid 
stabilization process in wastewater treatment plants, indicated that the 
presence of 1 mg/g-TSS ZnO-NPs did not affect methane production, but 30 
and 150 mg/g-TSS of ZnO NPs induced 18.3% and 75.1% inhibition 
respectively (Mu and Chen, 2011).  
 
Chen et al., 2013 studied the effects of both Ag-NPS and ZnO-NPs on 
functional bacterial community in wastewater treatment in simulated SBR 
systems. It was reported that denitrifying bacteria were inhibited by high 
dosage of both types of nanoparticles. Nitrogen removal was slightly inhibited 
by ZnO-NPs at high concentrations, but not for Ag NPs. However, bacteria 
related to sludge bulking, heavy metal resistance and biosorption increased, 
especially with ZnO-NPs treatment. It was highlighted that increase in bulking 
related bacteria may help to compensate COD removal efficiency and 
maintain functional redundancy (note that the functional redundancy could 
ensure the maintenance of the system functions by different functional groups 
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which could react differently toward environmental perturbation), but could 
lead to operation failure of activated sludge system when exposed to ZnO-
NPs. As suggested in the above results, there might be growing evidence to 
show adverse impact of engineered nanoparticles (ENPs) in wastewater 
treatment, but as toxicity might be mitigated by complexation of ENPs due to 
the presence of ligands or microbial transformation (Liang et al., 2010; 
Gondikas et al., 2012), there is an imperative for more work to be done to 
investigate the effect of ZnOs on bacteria community in wastewater. 
 
2.3 Membrane Bioreactors 
2.3.1 Introduction 
Membrane bioreactors (MBR) have been widely used for the past few decades 
in wastewater treatment and reclamation. In recent years, the MBR process has 
been increasingly applied worldwide successfully, including larger-scale 
municipal wastewater treatment plants (WWTPs) and small-scale industrial 
WWTPs (Wang et al., 2014). The market value of MBR technology was 
approximately US$ 217 million in 2005, and predicted to double every seven 
years (Judd 2007). More than 50 new industrial MBR >20 m
3
/d and more than 
20 municipal plants >500m
3
/d were installed per year between 2002 and 2005. 
Based on installed membrane surface, the municipal sector held 75% of the 
market volume between 2003 and 2005 (Lesjean and Huisjes, 2008). As of 
2010 in China alone, there are more than 30 installations of large-scale 
(>10,000m
3
/d) MBRs treating municipal wastewater, petrochemical 
wastewater, chemical wastewater etc, (Huang et al., 2010).  
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Compared to conventional activated sludge system (CAS), MBR is easy to 
operate and occupies a much smaller footprint as it removes the need for both 
primary and secondary clarifier. In CAS, both aeration tank and secondary 
clarifier work by overflow. Hence high biomass concentration in the aeration 
tank can be potentially problematic, as the secondary clarifier will tend need to 
be relatively long to provide enough time for sludge settling. MBRs do not 
encounter this problem and as such, can have a much smaller footprint. At the 
same time, MBR allows for high biomass concentration, typically 10 g/L (i.e. 
5 times higher than that of CAS) since it achieves separation by membrane 
filtration and not settling, thereby producing excellent effluent quality (Adams 
et al., 2006). Table 2.5 summarizes a typical MBR effluent quality for 
domestic wastewater applications (WEF et al., 2012). Less sludge production 
is also possible, due to longer solid retention time (SRT) of 30-50 days in 
MBRs compared to 5-7 days in CAS. This is because increase in endogenous 
respiration (biomass decay) occurs at higher SRTs. Despite increasing oxygen 
requirements, operating activated sludge plants at longer SRTs is 
advantageous as it reduces sludge yield and thus operating costs associated 
with solids disposal. The schematic diagrams of CAS and MBR in wastewater 




Figure 2.1 Wastewater treatment using a) CAS process and b) MBR 
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On the other hand, there remain some challenges which prevent wider 
application of MBRs. These are mainly associated with the high cost of MBR 
operation and problem of membrane fouling. Membrane prices are still fairly 
high, leading to high capital cost. Energy requirement of the MBR systems, 
coupled with the need for periodic cleaning or replacement of membrane 
further add to operation and maintenance costs. At present, there is ongoing 
research interest in the development of new membrane materials to overcome 
current problems related to membrane cost and membrane fouling (Meng et al., 
2009). 
 
Membrane bioreactor works on the principle of combining membrane 
filtration with a biological process to treat wastewater. The biological process 
converts dissolved organic matter (i.e. carbon) in wastewater into biomass. For 
wastewater treatment, membranes used are relatively more open 
microfiltration (MF) membranes with a pore size of 0.1–0.4 µm. The MF 
membrane in the bioreactor is used in place of the settling unit for solid-liquid 
separation in CAS, and forms an absolute barrier to solids and bacteria which 
are retained the reactor. 
 
There are two main configurations for MBR systems: Submerged (immersed 
or integrated) MBRs and External (recirculated or side-stream) MBRs. 
Submerged membranes were first introduced in an aeration tank for 
solid/liquid separation in 1989. Prior to this, research was focused on external 
membrane separation. Due to the absence of a high-flow recirculation pump, 
submerged MBRs consume much lower power than external MBRs. This was 
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the most significant factor for propelling the application of submerged MBRs 
in large-scale wastewater treatment plants in a few dozen countries around the 
world. More studies were performed on submerged MBRs than external 
MBRs (Wang et al., 2014). Figure 2.2 below shows a simplified diagram of a 
submerged MBR and an external MBR.  
                      ( a)                                                                      (b) 
Figure 2.2. Simplified diagram of a) Submerged MBR and b) External 
MBR (Adapted from ref. (Till and Mallia, 2001)) 
 
Aeration within the bioreactor provides the required oxygen transfer for 
growth of the biomass and mixing of the reactor. In the submerged 
configuration a coarse bubble diffuser is generally used. This system does not 
offer very efficient oxygen transfer but the rising bubbles provide a turbulent 
crossflow velocity (approximately 1 m/s) over the surface of the membrane. 
This helps to maintain the flux through the membrane, by reducing the build- 
up of material at the membrane surface, and thereby increases the operational 
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cycle of the system. Less frequent and less rigorous cleaning of the membrane 
is required to restore operational flux compared to the side stream system.  
 
In the side stream systems the aeration is usually through a fine bubble 
diffuser, which offers much more efficient oxygen transfer. The crossflow 
velocity utilized in these systems is usually higher (2-4 m/s). As the system is 
driven by a differential head, the operational flux of the system is higher. The 
disadvantage of this is that fouling of the membrane is more pronounced and 
much more rigorous cleaning regimes are required to restore the operational 
flux. The useful life of the membrane may be reduced by such an operating 
regime. 
 
MBRs can be designed to operate at either a constant flux or constant pressure 
(i.e. TMP). For constant pressure operation, a constant TMP is maintained 
across the membrane and the flux varies in response to the changes in 
permeability. For constant flux operation, the TMP is operationally adjusted as 
required to maintain a constant flux across the membrane in response to 
changes in permeability that occur during operation as a result of fouling. 
Compared to constant TMP operations, MBRs are more routinely operated 
under notionally constant flux conditions, with the convection of foulants 
towards the membrane surface occurs without diminishing, and fouling 
phenomena self-accelerates and eventually causes a sharp rise in TMP. The 
accumulation of foulants on the membrane surface is maintained at a constant 
rate determined by the flux. Since fouling rates increases exponentially with 
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flux, sustainable operation dictates that MBRs should be operated at modest 
fluxes, preferably below the critical flux (Le- Clech, 2006). 
 
2.3.2 ZnO nanoparticles in MBRs 
In the treatment of municipal wastewater by MBRs, the removal efficiencies 
of organic matter (i.e. chemical oxygen demand (COD) and biochemical 
oxygen demand (BOD)) and suspended solids (SS) are generally more than 
90%. With high biomass concentrations, better retention of slow-growing 
microorganisms such as nitrifiers, biological nitrogen removal is also 
enhanced in MBRs. The performance of MBR for conventional wastewater 
treatment has been more or less proven, but in the light of the increased release 
of nanoparticles into wastewater, the treatment efficiency may need to be re-
evaluated.  
 
The few studies on the effect of ZnO-NPs on wastewater treatment so far has 
been on SBRs and activated sludge reactors, with less than a handful of work 
done on MBR systems. Wang et al., 2014 studied the long term effects of 1 
mg/L of ZnO-NPs on MBR performance which showed that ZnO-NPs had no 
obvious adverse effects on the treated water quality and membrane filtration 
performance. These results differ from those in batch experiments and in long-
term sequencing batch reactors (SBR) in the presence of ZnO-NPs (Huang et 
al., 2013 and Hou et al., 2013). Huang et al. reported that COD and nitrogen 
removal were inhibited in batch experiments in the presence of 68 mg/L ZnO-
NPs (specific dosage 7.4 mg-ZnO/g-SS). Hou et al. observed that ammonium 
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removal was inhibited at a dosing concentration of 5 mg/L ZnO-NPs in the 
SBRs (specific dosage 2.1 mg-ZnO/g-SS). Comparison among the specific 
dosages in the above-mentioned researches suggest that the biomass in the 
MBR could bear higher ZnO load (no less than 10.0 mg-ZnO/g-SS) compared 
to those in the CAS system (specific dosage 2.1 mg-ZnO/g-SS). This enhanced 
resistance to nanoparticles in MBR system could also have been partly aided 
by their higher MLSS concentrations as compared to that in CAS system. 
 
With increasing release of ZnO-NPs into wastewater, and initial toxicity 
studies suggesting adverse effects on aquatic life and plants, it may also be 
pertinent to investigate the removal of ZnO-NPs by MBRs during wastewater 
treatment so as to ensure effluent discharge limits are met. Sorption to 
activated sludge is a major removal mechanism for pollutants, including 
manufactured NPs in conventional activated sludge wastewater treatment 
plants (Kiser et al., 2010).  Inert and active heterotrophic bacteria and EPS, the 
main constituents of activated sludge, were found to play a significant role in 
the sorption of contaminants (Sheng et al., 2008). Biosorption can be taken to 
refer to the net effect of all biomass-particle sorption mechanisms that remove 
NPs from water, including adsorption to cell surfaces, adsorption to EPS, and 
uptake into cells (absorption) through active or passive transport across the 
cytoplasmic membrane or through membrane disruption (Kloepfer et al., 
2005). 
 
In a study to investigate the removal of engineered NPs (Ag NPs, TiO2 NPs, 
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and SiO2 NPs) using activated sludge, it was reported that a considerable 
amount of NPs were removed after exposure to activated sludge in a time-
dependent manner for all three types of NPs tested (Park et al., 2013). In 
addition, the presences of both ionic compounds and EPS were found to 
significantly enhance the NP removal efficiency, indicating that the instability 
of the NPs resulting from the ionic strength in sewage and entrapment of NP 
by EPS played an important role in NP removal by activated sludge.  
 
A study to investigate the removal of uncoated ZnO-NPs during simulated 
wastewater treatment processes reported that simulated primary clarification 
removed about 70% of ZnO-NPs while the subsequent simulated SBR process 
completely removed ZnO-NPs and dissolved Zn. All the removed ZnO-NPs 
ended up in the biosolids (Hou et al., 2013). In another study on the fate of 
ZnO-NPs in a simulated wastewater treatment process using municipal 
wastewater, Zn dose rate of 0.83 mg/min for 240 hr produced treated effluent 
with low mean Zn concentration of 1.39 ±0.54 mg/L. There was elevated 
mean concentration of 54 ± 39 mg Zn/g dry sludge, suggesting the removal of 
nanoparticles from the wastewater by biosorption and biosolid settling 
mechanisms (Musee et al., 2014). In these cases, high level of nano-zinc 
removal was achieved by settling mechanisms alone. It should also be noted 
that CAS systems select for microorganisms that are well flocculated. 
Conversely, MBRs retain all microorganisms and small flocs regardless of 
their settling properties (Schwarz et al., 2006). Therefore, MBRs generate 
smaller and weaker flocs. In addition, MBR flocs are subjected to erosion 
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because of a higher MLSS concentration and increased shear (Schwarz et al., 
2006). Yi et al. (2006) showed that measured median particle diameter was 
much smaller in MBR systems (10 µm) than CAS systems (120 µm) operated 
under identical conditions. Smaller flocs observed in MBR systems increase 
the exposed surface area, and it is highly likely that this may in turn increase 
the NP-microbial interaction in MBRs. It is therefore predicted that MBRs, 
which often operate with biomass concentrations in the order of 10 gMLSS/L, 
coupled with the 0.1-0.4 μm membrane used for filtration, would most likely 
be able to achieve a similar, if not higher overall nano-zinc removal compared 
with sedimentation alone.  
 
In a most recent study, it was reported that EPS may determine the 
physicochemical properties and give the floc its structural and functional 
integrity (Niu et al., 2013; Sheng et al., 2010).  Hence, it may also be 
necessary to explore the nature and composition of the EPS in activated sludge 
in the presence of NPs. The physicochemical stability of activated sludge flocs 
plays an important role in the performance of wastewater treatment systems 
(Li and Yang, 2007; Ye et al., 2011). Activated sludge generally exists as 
flocs, which are suspended microbial aggregates containing microorganisms 
and organic/inorganic compounds (Biggs and Lant, 2000). Flocculating 
ability, sludge settling, and sludge dewatering are the regularly monitored 
physicochemical properties of activated sludge (Jin et al., 2003; Wilén et al., 
2003). In particular, EPS, which are the major components of the activated 
sludge, act as a gel-like matrix that binds the cells together to form sludge 
39 
 
flocs (Sheng et al., 2010). There are two types of EPS, namely the loosely 
bound EPS (LB-EPS) and the tightly bound EPS (TB-EPS) (Li et al., 2014). 
The production and composition of the EPS can significantly affect biomass 
granulation (Caudan et al., 2012), flocculation (Li and Yang, 2007), and the 
structure of the bioaggregates (Seviour et al., 2012). With these in mind, it is 
reasonable to assume that the EPS play a leading role in flocculation, settling, 
and dewatering properties of the flocs. In addition, EPS are usually thought to 
protect the inner microorganisms from the harsh external environmental 
conditions such as exposure to heavy metals or chemicals (Ma et al., 2013; 
Sheng et al., 2013). Therefore, the effect of EPS on the physiochemical 
stability of activated sludge flocs in the MBR in the presence of ZnO NPs are 
also monitored in this study. 
 
2.3.3 Membrane fouling 
Membrane fouling is a severe operational problem in MBRs and has been 
shown to contribute to a loss in membrane productivity through reductions in 
permeate fluxes, increases in differential pressure or transmembrane pressure 
(TMP), and membrane degradation (Pollice et al., 2005). Once the membrane 
surface is fouled, cleaning or replacement of the membrane module is 
required, thereby increasing operational and maintenance costs. As a result, 
membrane fouling remains one of the major challenges in operating the MBR 
systems. With respect to MBR, membrane fouling occurs due to the following 
mechanisms (Mei et al., 2014): 
1. Adsorption of solutes or colloids within membranes; 
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2. Deposition of sludge flocs onto the membrane surface; 
3. Formation of a cake layer on the membrane surface; 
4. Detachment of foulants attributed mainly to shear forces; and 
5. The spatial and temporal changes of the foulant composition during the 
long-term operation.  
Given the complex nature of activated sludge in the MBR, the fouling 
behaviour in MBR tends to be more complicated than that in other membrane 
applications. Depending on the fouling components, membrane fouling can be 
classified into three major categories: biofouling, organic fouling and 
inorganic fouling. Firstly, biofouling refers to the deposition, growth, and 
metabolism of bacteria cells or flocs on the membranes, and this has raised a 
significant concern in membrane filtration processes. Secondly, organic 
fouling in MBR refers to the deposition of biopolymers (proteins and 
polysaccharides) on the membranes. In both cases, extracellular polymeric 
substances (EPS) and soluble microbial products (SMP) are directly involved 
in fouling. Research has suggested that SMP and EPS secreted by bacteria 
play important roles in the formation of biological foulants and cake layers on 
membrane surfaces (Farkas et al., 2011). It should be noted that the microbial 
communities on membrane surfaces are quite different from those in the 
suspended biomass. Thirdly, inorganic elements such as Mg, Al, Fe, Ca, Si, 
etc. and metals can enhance the formation of biofouling and organic fouling 
and can together form a recalcitrant cake layer (Lyko et al., 2007; Wang et al., 
2008b). Inorganic fouling can form in two ways – due to concentration-
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polarization-led chemical precipitation and entrapment within biopolymer gel 
layer (Meng et al., 2009). 
 
Another study also confirmed that SMP or EPS is the origin of organic fouling 
and plays important roles in the development of MBR fouling (Metzger  et al., 
2007). Of the three types of fouling, inorganic fouling is least studied. In one 
of the few studies on inorganic fouling, it was found that organic foulants 
coupled with the inorganic precipitation enhanced the formation of a cake 
layer (Kang et al., 2002).  
 
EPS encompasses many classes of macromolecules such as polysaccharides, 
proteins, nucleic acids, phospholipids, and other polymeric compounds which 
have been found at, or outside, the cell surface and in the intercellular space of 
microbial aggregates. EPS are the construction materials for microbial 
aggregates such as biofilms, flocs, and activated sludge liquors. Functions of 
EPS matrix include aggregation of bacterial cells in flocs and biofilms, 
formation of a protective barrier around the bacteria, retention of water, and 
adhesion to surfaces. EPS also played key role in providing stability to the 
flocs in high shear environments (Mikkelsen et al., 2002). As EPS form a 
highly hydrated gel matrix in which microbial cells are embedded, they then 
create of a significant barrier to permeate flow in membrane processes and 
lead to membrane fouling (Choi et al., 2010). On the other hand, since the EPS 
matrix plays a major role in the hydrophobic interactions among microbial 
cells and thus in the floc formation, a decrease in EPS levels could also cause 
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floc deterioration and be detrimental to the MBR performance. Hence, there 
exists an optimum EPS level for which floc structure is maintained without 
high fouling tendency in MBR operation.  
SMPs are soluble cellular components that are released during cell lysis, 
diffuse through the cell membrane, and are lost during synthesis or are 
excreted for some purpose. During filtration, SMPs adsorb on the membrane 
surface, block membrane pores, and/or form a gel structure on the membrane 
surface where they provide a possible nutrient source for biofilm formation 
and gives rise to a hydraulic resistance to permeate flow. Carbohydrate level in 
SMP (SMPc) solution has been reported to be the major foulant indicator in 
MBR systems although the debate over the relative contribution of 
carbohydrate and protein portions of SMP to fouling is still ongoing (Choi et 
al., 2010). 
 
Short term exposure of ZnO-NPs with concentrations up to to 297.5 mg/L in 
MBR systems was studied by Mei et al., 2014, who investigated the 
production, characteristics, and fouling potential of SMPs in MBRs in the 
presence of ZnO-NPs. Batch tests showed that the SMP production was 
elevated as both NP concentration and exposure time increased, and that 
membrane fouling worsened with elevated SMP and NP concentrations. It was 
suggested that the escalation of membrane fouling may not only be due to 
elevated SMP concentration in the presence of ZnO-NPs, but also arose from 
the complex interactions with SMPs and subsequent NP aggregation in 
organic matters to form a dense fouling layer on membrane surfaces. It is 
possible that long term exposure of nanoparticles in MBR system have 
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different effects due to the longer time allowed for the bacterial 
acclimatization to the nanoparticles.  As shown in a study of a long term 
operation of MBR in the presence of 0.10 mg Ag/L, exposure of nano-silver 
did not change the membrane fouling rate although extracellular polymeric 
substances (EPS) concentration increased significantly after nano-silver dosing 
(Zhang et al, 2013). Another recent study on long term operation of MBR 
system in the presence of 1 mg/L ZnO-NPs reported insignificant effects on 
membrane filtration performance (Wang et al., 2014) as average membrane 
fouling rates were nearly identical in both the MBR-control and MBR-NPs 
reactors. More efforts are needed to investigate the effects of ZnO-NPs on EPS 
and SMP production by MBR sludge and establish the correlation between 
them and membrane fouling rate, if any.   
 
Besides the relationship between EPS and SMP production with membrane 
fouling, it is also worthwhile to consider the role of EPS production in bacteria 
cells protection against nanoparticles. Puay et al., 2014 reported that both 
polysaccharide and protein content in the EPS increased significantly after the 
addition of ZnO-NPs, indicating that the NPs may have induced a higher 
production of EPS as a defense mechanism by the bacteria. Other studies also 
showed that the EPS matrix on the surface of activated sludge flocs or 
microbial biofilms can trap nanoparticles and prevent their diffusion into the 
microbial aggregates (Choi et al., 2010). It is thus hypothesized that the 
presence of ZnO-NPs in wastewater may induce greater EPS production by 
bacteria cells which may on one hand help to resist ZnO-NPs toxicity, but on 
the other hand increase membrane fouling rate. As the floc characteristics and 
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bacterial community in MBR and activated sludge bacterial community differ 
greatly, it will be of interest to examine the effects of ZnO-NPs in the MBR 
system. Recently, it was found that smaller size floc allowed easier penetration 
and hence higher AgNPs toxicity in activated sludge (Sun et al., 2013). As the 
floc sizes in MBRs were previously reported to be smaller than in 
conventional activated sludge (CAS) (Henriques et al., 2005), this might also 
imply higher susceptibility to nanoparticles. However a fair amount of 
uncertainty remains, due to the different possible microbial interactions with 
ZnO-NPs and AgNPs. Furthermore, a higher MLSS concentration in MBRs 
may also help to alleviate the negative impacts of ZnO-NPs on the bacteria 
cells. 
 
Taking into account the multi-faceted ZnO NP-microbial interaction, it is 
important to examine how the presence of ZnO-NPs in wastewater may affect 
i) microbial community in MBR activated sludge; ii) treatment efficiency of 
MBR due to ZnO-NP toxicity, if any,  and iii) SMP and EPS production and 
hence membrane fouling.  
 
2.3.4 Membrane fouling control 
As discussed in Section 2.3.3, membrane fouling is a key consideration in the 
operation of MBRs as it directly impacts the performance of the MBR process. 
There are a variety of physical and/or chemical methods which are commonly 
adopted in MBRs to reduce or control fouling and to maintain or restore 
permeability. These methods includ: 




iii) Adsorbent and Coagulation Addition 
iv) Backwash Cleaning 
v) Chemical Cleaning 
vi) Mechanical Cleaning 
 
In the first case, air scour is a physical cleaning methods used to prevent or 
reduce membrane fouling in submerged MBR configurations. Aeration is used 
to generate a shear stress at the membrane surface, which provides a scouring 
action and reduces membrane cake fouling. However, it should be noted that 
excessive aeration can create stress on the membrane, potentially resulting in 
breakage or fatigue, and reduce the overall membrane life. More importantly, 
excessive aeration can also lead to the breakage of sludge flocs and the 
production of SMP, thereby increasing the membrane fouling potential, hence 
there is an optimal range of air scour rates (Meng et al., 2009). 
 
Secondly, relaxation involves the temporary cessation, or pausing of 
membrane production while maintaining air scour. This is done to improve 
membrane productivity by enhancing the back transport of foulants away from 
the membrane surface through the concentration gradient, which is further 
enhanced by maintaining air scour (Le-Clech et al., 2006).  
 
The addition of adsorbents and coagulants to mixed liquor can also be used to 
reduce fouling in MBRs. Ferric chloride, alum, and powdered activated carbon 
have all shown the ability to reduce SMP concentrations when added at the 
46 
 
appropriate dosages, thereby reducing fouling and improving membrane 
performance (Le-Clech et al., 2006). Some of these chemicals (e.g., ferric 
chloride and alum) are also commonly used for phosphorus precipitation and 
removal for advanced wastewater treatment (WEF et al., 2009). Therefore, 
when these chemicals are applied to an MBR process for phosphorus removal, 
an additional operational benefit could be reduced fouling and improved 
membrane performance, although at the same time, there will be higher costs 
associated with additional chemical feeds.  
 
Backwash cleaning refers to any instance where water (typically permeate) is 
charged to the membranes in the reverse direction of permeate flow and may 
include chemical addition to enhance cleaning and fouling control. It is of 
short duration, performed in situ and is primarily used to remove physical 
fouling.  
 
Chemical cleaning is conducted to address chemically reversible fouling in 
membranes. Chemical solutions used include sodium hypochlorite for removal 
of organic foulants, citric acid and oxalic acid for removal of inorganic 
foulants, and other mineral acids or caustics.  
 
Finally, mechanical cleaning refers to membranes being physically cleaned by 
hand or sprayed down with water. This is typically required when rags, debris, 
or dewatered solids form a concentrated cake on the membranes that is 
difficult or impractical to remove by other means, and is typically associated 
with insufficient pretreatment or localized dewatering. 
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MATERIALS AND METHODS 
3.1 Experimental set-up 
In this research study, a lab-scale MBR system for the treatment of synthetic 
wastewater to simulate domestic wastewater from municipal wastewater 








Figure 3.1. Schematic set-up of lab-scale MBR system 
 
The MBR system comprised a rectangular tank with an operating volume of 
5.034L and housing a flat-sheet Polyvinylidene fluoride (PVDF) membrane 
(supplied by Newton and Stokes (Singapore)) module submerged in the tank. 
PVDF was chosen as the membrane material as it is relatively hydrophobic, 
has relatively good permeability, high strength and high elongation. These 
properties enable the membrane to be more durable and have longer lifespan, 
and also make it suitable for use with air scouring. In this case, two membrane 











membrane had a mean pore size of 0.1 µm and the effective area of the 
membrane module was 0.018 m
2
. The bioreactor was aerated at 15.0 L/min 
with an air pump (Hailea, China) through a straight rod air diffuser fixed 
directly below the membrane module. The aeration here serves two purposes, 
firstly as oxygen transfer to the microbial in activated sludge and secondly 
provides membrane cleaning. As this is a flat-sheet MBR system, cleaning 
efficiency is dependent primarily through air scouring alone, as there is no 
backwash or other means of shear promoters.  
 
The bioreactor was initially filled with seed sludge from Ulu Pandan Water 
Reclamation Plant in Singapore. Wastewater was fed into the bioreactor with a 
peristaltic pump (Cole-Parmer, Barrington, USA). The operating volume in 
the bioreactor was maintained by a feed loop which provided a continuous 
flow of feed to the reactor. The permeate flux was kept constant at 20 LMH in 
continuous mode.  HRT and SRT of the MBR system were maintained at 12 
hour and 30 days respectively. Transmembrane pressure was monitored using 
a pressure gauge (Cole Palmer, USA). 
 
Samples from feed, permeate, supernatant and mixed liquor from MBR were 
collected every alternate day. Figure 3.2 shows an annotated photograph of the 




Figure 3.2 Photograph of lab-scale MBR setup 
 
3.2 Operating conditions in the MBR system 
The MBR system was set up and operated with synthetic municipal 
wastewater for over 242 days. The entire study was divided into 3 phases. 
Phase 1 involved the operation and stabilization of the MBR system to 
monitor the performance of the system in the treatment of synthetic 
wastewater. The system was operated for 68 days to achieve steady state. 
Phase 2 and Phase 3 involved the addition of 1 mg/L and 10 mg/L ZnO-NPs 
respectively into the system to investigate the effect on performance on the 
system and also to study the removal of ZnO-NPs by doing a mass balance 
analysis.  ZnO NPs were added into the influent wastewater to achieve a final 

















further increased to 10.0 mg/L from Day 161 onward. New membranes were 
used at the beginning of the experiment, and were replaced on Day 69 just 
prior to the addition of  ZnO NPs. Physical cleaning of membranes was done 
using tap water when the TMP exceeded -20 kPa. 
 
3.3 Synthetic municipal wastewater feed 
Synthetic municipal wastewater was freshly prepared daily as influent, using 
tap water supplied by the Public Utilities Board, Singapore. Glucose, NH4Cl 





concentrations of 400 mg/L, 40.0 mg/L, and 8.0 mg/L, respectively. In 
addition, the synthetic wastewater also contained trace minerals of 
CaCl2•2H2O, MgSO4•7H2O, FeSO4•7H2O, CuCl2•2H2O, MnCl2•4H2O, 0.13 
mg/L ZnSO4•7H2O, Na2MoO4•2H2O, H3BO3 and KI. The composition of the 
synthetic wastewater used is shown in Table 3.1. 
Table 3.1 Composition of synthetic wastewater (Adapted from ref. (Puay 












































Commercially-produced ZnO NPs as a suspension of 50 wt% ZnO NPs in 
water were purchased from Sigma-Aldrich, USA. Analysis of particle size and 
zeta potential were performed using a Zetasizer (Malvern Instruments, USA). 
ZnO NPs suspension was first diluted to 100 mg/L using Milli-Q water, 
followed by sonication for 1 h using an ultrasonicator, Elmasonic S30H (Elma 
GmbH & Co, Germany). The particle size was determined to be 65.70 ± 38.46 
nm with a corresponding zeta potential of -30.5 mV.  
 
3.4 Analytical Methods 
Samples of influent, supernatant, effluent and mixed liquor were collected 
every alternate day for analyses. 50 ml of influent and permeate samples each 
were collected from the influent tank and permeate tube respectively. 100 ml 
of mixed liquor samples were collected daily from the sampling port of the 
MBR system and left to stand for 30 minutes for sludge volume index (SVI) 
measurement. 50 ml of supernatant was then collected from the settled sludge 
sample after the 30 minutes. Prior to the collection, adequate time was given to 
flush out any stagnant water that was trapped in the sampling ports and the 
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sampling bottles were rinsed with their respective samples. Fresh samples 
were used for testing as far as possible. Unused samples were kept in a 4°C 
fridge for storage. 
 
 
3.4.1 Wastewater characteristics  
 
The wastewater characteristics of influent, effluent and supernatant samples 
were measured in terms of i) Chemical oxygen demand (COD), ii) total 
nitrogen (TN), ammonia-nitrogen, nitrite-nitrogen, nitrate-nitrogen and iii) 
total phosphorus concentrations according to the Standard Methods (APHA et 
al., 1999). 
 
i) Chemical oxygen demand (COD) 
COD measurements were done in accordance to Section 5220D, closed reflux, 
colorimetric method of the Standard Methods. A block heater (Hach DRB 200, 
USA) with the corresponding Hach glass digestion vessels were used in all the 
tests. High concentration digestion solution for influent, low concentration 
digestion solution for effluent and sulphuric acid were prepared as reagents. 
1.5 ml of digestion solution was added to 2.5 ml of sample, followed by 3.5ml 
of sulfuric acid for each test. Distilled water was used as blanks. The test tubes 
were then heated at 150 °C for 2 hours. They were allowed to cool to room 
temperature before spectrometer readings were taken. 
 
ii) Total nitrogen (TN) 
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TN was calculated as the sum of ammonia-nitrogen, nitrite-nitrogen and 




-N) measurements were done in accordance to 
Section 4500-NH3 F, phenate method of the Standard methods. Sodium 
nitroprusside, sodium hypochloride, alkaline citrate and phenol solution were 
prepared as reagents for the test. A fresh sample of oxidizing solution 
comprising of sodium hypochloride and alkaline citrate mixed in a ratio of 1:4 
was prepared before use each time the test was conducted. 1ml of this 
oxidizing solution was added to 10 ml of diluted sample, followed by 0.4ml of 
phenol and 0.4ml of sodium nitroprusside before mixing the sample well. A 
waiting time of at least 1 hour was given to allow for coloration to take place, 
after which spectrometer readings were taken. 
 
Nitrite-nitrogen measurements were done in accordance to Section 4500-NO2
-
 
B, colorimetric method of the Standard methods. 0.4ml of N-(1-naphthly)-
ethlyenediaminedihydrochloride (NED) reagent was added to 10ml of diluted 
sample. Spectrometer readings should be taken within 2 hours. 
 
Nitrate-nitrogen measurements were done in accordance to Section 4500-NO3
– 
B, ultraviolet spectrophotometric screening method of the Standard methods. 
0.2 ml of hydrochloric acid was added to 10ml of diluted sample.  
Spectrometer readings were taken after 10 minutes. It was noted that 
measurement of UV absorption at 220 nm enables rapid determination of NO3
–
. As dissolved organic matter also may absorb at 220 nm and NO3
–
 does not 
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absorb at 275 nm, a second measurement made at 275 nm was used to correct 
the NO3
–
 value, when necessary. 
iii) Total phosphorus (TP) 
Phosphates (PO4
3-
-P) were measured according to the 4500-P E. Ascorbic acid 
method of the Standard methods. A combined reagent made up of 2.5ml 
sulphuric acid, 0.25ml potassium antimonyl tartrate solution, 0.75ml ammonia 
molybate solution and 1.5ml ascorbic acid were freshly prepared before each 
test. 1.6ml of the combined reagent was added to 10ml of diluted sample and 
spectrometer readings taken after 10 minutes. 
 
In all the tests, a UV-Vis spectrometer (Shimadzu Scientific Instruments 
Biospec-mini, USA) and a quartz cuvette with an optical path length of 10 mm 
were used for analysis using colorimetric methods. The samples were diluted, 
if necessary, such that the absorbance values were below 1. This is because 
absorbance readings above 1 would not be accurate as less than 10% of 
available light is transmitted through the sample. All chemical tests were done 
at least in duplicates. Analysis of variance (ANOVA) test was performed 
using SPSS 13.0 for Windows (SPSS Inc, USA). A p-value of less than 0.05 
was taken to be statistically significant. 
 
3.4.2 Sludge characteristics 
Mixed Liquor Suspended Solids (MLSS) and Mixed Liquor Volatile 
Suspended Solids (MLVSS) concentrations were measured according to the 
the Standard Methods (APHA et al., 1999). Glass microfiber filter (GF/F, 
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Whatman) and porcelain crucibles were rinsed with distilled water and baked 
in a furnace (Thermolyne 48000, Omega Medical Scientific) at 550°C for 20 
min and cooled in a desiccator prior to use. The sample was filtered onto the 
glass filter and dried in an oven (Memmert ULM 6, Schmidt Scientific) at 
105°C for 1 h and then ignited in a furnace at 550°C for 20 min. After each 
heating step, the sample was cooled to room temperature in desiccators before 
being weighed. Sludge Volume Index (SVI) was measured by collecting 100 
ml of sludge sample and leaving to stand for 30 min. The settled sludge 
volume was then measured, and taking the MLSS reading as previously 
described, SVI was calculated as follows: 
 
            Settled sludge volume (mL/L) × 10 
SVI =                                                                 
                     Suspended solids (mg/L) 
  
 
3.4.3 Membrane fouling rate 
Transmembrane pressure (TMP) readings were measured daily to monitor the 
fouling rate under a constant flux operation of 20 LMH.  
 
3.4.4 Zinc phosphate precipitate in mixed liquor 
As zinc oxide is known to interact with phosphates in wastewater, zinc 
phosphate precipitates were measured in Phase II and Phase III. To evaluate 




-P within the reactor, 20 ml of mixed liquor 
was sampled from the reactor and 0.1 M HCl was added to adjust the mixed 





-P concentration was analysed using the method as previously described 
in Section 3.4.1. The concentration of the precipitated PO4
3-
-P was then 
calculated by deducting from the original PO4
3-
-P value in the mixed liquor. 
 
3.4.5 Soluble Microbial Products (SMP) and Extracellular Polymeric 
Substances (EPS)  
The mixed liquor samples were collected twice a week. Sample of mixed 
liquor was collected from the MBR system and centrifuged at 12,000 rpm for 
10 min at 4°C. The supernatant was filtered through a 0.45-µm cellulose 
acetate membrane and the filtrate was measured for the SMP.  
 
Thermal heating method was used for the extraction of EPS.  Milli-Q water 
was added to the sludge residue before the sample was heated in a water bath 
at 80
o
C for 30 min. The resultant solution was then centrifuged again at 12,000 
rpm for 10 min and the supernatant filtered through a 0.45 μm membrane filter 
to obtain the EPS. 
 
Protein concentration of SMP and EPS were measured using a modified 
Lowry method using bovine serum albumin as the standard (Lowry et al., 
1951). 10ml of regent A (made up of 2% sodium carbonate, 0.4% sodium 
hydroxide, 0.16% sodium tartrate and 1% Sodium dodecyl sulfate ) was mixed 
with 0.1 ml of reagent B (i.e. 4% CuSO4.5H2O). 3ml of this mixture was then 
added 1ml of sample and left to stand for 1 hr. 0.3ml of 50% reagent C (i.e. 
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Follin-ciocalteu phenol) was next added to the sample and allowed to stand for 
another 45 minutes. Spectrometer readings were then taken. 
 
Polysaccharide concentrations of SMP and EPS were measured using the 
phenol-sulphuric method with glucose as the standard (Qiu and Ting, 2014). 
1ml of 5% phenol and 5ml of concentrated sulphuric acid were added to 1ml 
of sample. Spectrometer readings were then taken. 
 
3.4.6 Bacterial community dynamics 
10 ml of mixed liquor was collected and immediately frozen at -20
o
C.  DNA 
was extracted from the samples with a QIAamp DNA Mini Kit (Qiagen, 
Valencia, CA). The samples were thawed and the sludge left to settle before 
DNA extraction was done.  
 
In order to increase the yield of Polymerase Chain Reaction (PCR) products 
and to facilitate the Denaturing Gradient Gel Electrophoresis (DGGE) 
analyses, a nested PCR technique was applied (Qiu and Ting, 2013). For the 
total bacterial community, the 16S rRNA genes were amplified from the DNA 
extracts using universal primers 27F and 1492R, following a temperature 
cycling conditions: Pre-incubation at 95 
o
C for 2 min, followed by 25 cycles of 
95 
o
C for 1 min, 62 
o
C for 1.5 min, and 72 
o
C for 1 min; and a final elongation 
at 72 
o
C for 10 min.  A nested PCR was then performed on the PCR products 
obtained from previously described primers with a second primer pair 357F-
Clamp and 518R, following a cycling program: Pre-incubation at 95 
o
C for 2 
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min, followed by 30 cycles of 95 
o
C for 1 min, 60 
o
C for 45 s, and 72 
o
C for 1 
min; and a final elongation at 72 
o
C for 10 min. All the PCR amplifications 
were carried out in a total volume of 50 μl in 200 μl tubes using a DNA 
thermocycler (Bio Rad, USA). The PCR mixture contained 1.25 U of Taq 
polymerase (Promega, USA), 1×PCR buffer, 2 mM MgCl2, 0.5 μmol of each 
primer, each deoxynucleoside triphosphate at a concentration of 200 μM, and 
40 ng of template DNA. 
 
DGGE was performed using a D-Code System (Bio Rad, USA) maintained at 
a constant temperature of 60 
o
C in 1×TAE buffer. PCR products were loaded 
onto 8% (w/v) polyacrylamide gels (37.5:1, acrylamide/bisacrylamide) using a 
denaturing gradient ranging from 35% to 65% denaturant (7 mol urea and 40% 
formamide in the 1×TAE buffer constituted 100% denaturant) (Qiu, et al., 
2013a). Gels were run at 80 V for 12 h and stained with SYBR
®
 Gold nucleic 
acid stain (Invitrogen, USA). The resultant image was analysed using Quantity 
One 4.6.2 software (Bio-Rad, USA) to obtain the fingerprint patterns and to 
calculate the band similarities. Shannon-Wiener diversity index (H') was used 
to evaluate the variation of structural diversity and species richness of bacterial 
communities of the different samples (Qiu, et al., 2013b) as expressed in Eq.1: 
H'= －∑pilnpi (1) 





3.4.7 Zn content in wastewater and activated sludge 
As ZnO-NPs are slightly soluble, the both the Zn
2+
 and total Zn concentrations 
for the influent, supernatant and effluent wastewater were analysed. 150 ml of 
daily desludge was collected and left to stand in a measuring cylinder. The 
supernatant (10 ml) was collected about 1 cm beneath the water surface after 
30 minutes of settling. An Inductively Coupled Plasma - Mass Spectrometer 
(ICP-MS) (Agilent Technologies 7500 series, USA) was used for this analysis. 
Acid digestion of the sample wastewater was performed in accordance to 
Standard Methods (APHA et al., 1999). 5 ml of the sample was acidified with 
1 ml of trace metal grade nitric acid and refluxed at 105
o
C for 2 hours. The 
resultant solution was then filtered through a 0.45 μm filter membrane before 
measurement. Another 5 ml of sample was collected separately and filtered 
through a 0.45 μm filter membrane without acid digestion. This was taken as 
the soluble Zn
2+ 
concentration and used for comparison.  
 
Zn content in the activated sludge was also analyzed after acid digestion. 10 
ml of mixed liquor was centrifuged at 5,000 rpm for 5 min and the supernatant 
removed. The sample was then washed with Milli-Q water. 5 ml of nitric acid 
was added to the residue and refluxed at 105
o
C for 2 hours, followed by 
filtration through a 0.45 μm filter membrane. The resultant solution was 
diluted to a final volume of 10 ml using Milli-Q water. 
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RESULTS AND DISCUSSION 
4.1 Standard curves 
The concentrations of wastewater pollutants, proteins and polysaccharides 
were determined by spectrophotometrically measuring the absorbance of light 
at various wavelengths. Standard curves were used to convert these 
absorbance values to the corresponding concentrations. All standard curves 
(Figures A1.1-1.8) were generated in accordance to the methods described in 
Section 3.4 and can be found in Appendix A1. 
  
4.2 Effect of ZnO nanoparticles on wastewater treatment 
The MBR system was operated for 68 days for optimization in Phase 1. Phase 
2 ran from Day 69 to Day 160, during which 1 mg/L of ZnO-NPs was added 
daily to the influent wastewater. Phase 3 of the experiment ran from Day 161 
to Day 242, during which 10 mg/L of ZnO-NPs was added to the daily influent 









-P concentrations) were monitored to investigate the effect of 
ZnO-NPs. In addition, sludge characteristics including MLSS, MLVSS, SVI 
and Sludge morphology were also monitored. SMP and EPS concentrations 
before and after the addition of ZnO NPs into the MBR system were measured 





4.2.1 Wastewater characteristics 
 
Figure 4.1 COD removal in MBR before and after ZnO-NPs dosage 
 
Figure 4.1 shows the removal of COD in the MBR before and after ZnO-NPs 
addition. Moderate deterioration was observed in COD removal. The average 
COD removed was 98.5% prior to ZnO NPs dosage and decreased to 97.5% 
(p=0.000) with continuous exposure to 1.0 mg/L of ZnO NPs for 91 days 
(from Day 69 to Day 160). At a higher ZnO NPs concentration of 10.0 mg/L 
from Day 161 onwards, the average COD removal efficiency dropped further 
to 96.3% (p<0.05). The results corroborate studies which found that both 
short-term and long-term exposure of 1.0 mg/L of ZnO NPs did not 
significantly impact COD removal in CAS systems (Hou et al., 2013; Puay et 
al., 2014), suggesting that ZnO NPs at current environmentally relevant 
concentrations was less likely to cause significant impacts on COD removal in 
both MBR and CAS processes. However, remarkable impacts were indeed 
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observed at much higher Zn loading. In a simulated CAS process using a 3-L 
bioreactor with a HRT of 6 hour, a Zn loading rate of 0.83 mg/min for 240 hr 
showed that the mean COD removal efficiencies in the test unit was 71 ± 7%, 
which is significantly lower than that in the control (80 ± 5%) (Musee et al., 
2014). Huang et al. (2013) also reported that COD removal was inhibited in 




















Figure 4.5 TN removal in MBR before and after ZnO-NPs dosage 
 
The influent and effluent NH4
+
-N concentrations and removal efficiency are 
shown in Figure 4.2. While influent NH4
+
-N concentrations remained stable at 
an average of 33.7 mg/L throughout the entire experiment, effluent NH4
+
-N 
concentrations increased from an average of 0.15 mg/L to 0.23 mg/L and 
finally to 0.96 mg/L in Phase 1, 2 and 3 respectively. NH4
+
-N removal in the 
MBR system was consistently high even after 91 days continuous exposure to 
1.0 mg/L ZnO-NPs (Figure 4.2). Prior to ZnO-NPs dosage, NH4
+
-N removal 
was at 99.5%, which was maintained at 99.3% (p=0.164) during 1.0 mg/L 
ZnO NPs exposure. However, a relatively remarkable decrease (to 97.2%, 









-N concentrations in the MBR 
system are shown in Figures 4.3 and 4.4 respectively. While the average 
influent NO2
-
-N concentrations in the 3 phases remained relatively constant at 
an average of 0.11 mg/L, effluent NO2
-
-N concentration reflected a decreasing 
trend although it remained at a low level. It dropped from an average of 0.076 
mg/L in Phase 1 to 0.046 mg/L in Phase 2 and 0.022 mg/L in Phase 3. The 
average influent NO3
-
-N concentrations throughout the entire experiment was 
0.20 mg/L. Effluent NO3
-
-N concentrations increased from an average of 3.18 
mg/L to 4.09 mg/L and then remained at 4.10 mg/L in Phase 1, 2 and 3 
respectively. 
 
For TN removal (Figure 4.5), ANOVA analysis suggested significant 
differences (p < 0.05) among prior to ZnO NPs exposure (average TN removal 
= 89.9%), exposure to 1.0 mg/L ZnO NPs (average TN removal = 87.2%) and 
exposure to 10.0 mg/L ZnO NPs (average TN removal = 85.2%). However, 
the decrease was less drastic than that observed in a short-term exposure (4.5 h) 
study in a SBR, in which the TN removal decreased from 81.5% to 75.6% in 
the presence of 10.0 mg/L ZnO NPs (Zheng et al., 2011). One reason could be 
the initially long-term exposure (91 days) to 1.0 mg/L ZnO NPs allowed the 
acclimation of sludge bacteria to the toxic effects of ZnO NPs, thus resulting 
in a less significant response when the ZnO NPs increased to 10.0 mg/L. 
Additionally, the specific dosages of ZnO NPs in our work were 11.2 mg 
Zn/gMLSS and 72.7 mgZn/gMLSS at the end of 1.0 mg/L and 10.0 mg/L ZnO 
NPs, respectively. At a specific dosage of 10.0 mgZn/gMLSS, Wang et al 
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(2014) reported no significant effect on TN removal in a MBR during long-
term exposure to 1.0 mg/L ZnO NPs. In both cases, the specific dosages of 
ZnO NPs in MBR were higher than that the short-term exposure (i.e. specific 
dosage 4.3 mgZnO/gMLSS, Zheng et al. 2011) and long-term exposure test 
(i.e. specific dosage 2.1 mgZnO/gMLSS, Hou et al., 2013) in SBR. The results 
seemed to suggest that MBR systems were more resistant to NPs exposure 
which is possibly due to the higher MLSS concentrations present in MBRs 
compared to CAS systems and the fact that toxicity effects of compounds are 
largely related to the dosage and the population of subjects. 
 
A closer look at the effluent concentrations provide more details on the effect 
of ZnO NPs on different bacteria activities (Figure 4.5). For 1.0 mg/L ZnO 
NPs concentration, the decrease in TN removal was due to the significant 
increase (p=0.000) in effluent NO3
-
-N concentration, suggesting the inhibition 
of the denitrifying activity. However, at the later part of the 1.0 mg/L phase 
(i.e, from Day 102 onwards), the effluent NH4
+
-N concentration started on an 
increasing trend, suggesting the onset of inhibition of the ammonia-oxidizing 
activity. This observation corroborated previous studies that short-term 
exposure of 1.0 mg/L of ZnO-NPs did not impact nitrification. However, 
inhibitory effect became apparent after long-term exposure (Puay et al., 2014). 
Conversely, the effluent NO3
-
-N concentration decreased after Day 130, 
suggesting the acclimation of denitrifying bacteria. When ZnO NPs was 
increased to 10.0 mg/L, the decrease in TN removal was again due to the 
significant increase (p=0.000) in effluent NH4
+
-N concentration, indicating the 
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inhibition of the ammonia-oxidizing activity. Effluent NO3
-
-N level experience 
a less evident increase and peaked at Day 224 before decreasing. The effluent 
NO2
-
-N remained at very low level (<0.5 mg/L) throughout the experiment 
and suggested that ZnO NPs do not have any evident effect on the nitrite-
oxidizing activity. This observation of distinct effects on nitrifying and 
denitrifying bacteria was contrary to the study of Zheng et al. (2011) where 
there were no effect on NH4
+
-N removal but significant increase in effluent 
NO3
-
-N concentration (and hence denitrifying bacteria) under short-term 
exposure of 10 mg/L and 50 mg/L ZnO NPs. However, there results were in 
agreement with that of another long term 11-day study in SBR which showed 
that at a high concentration of 5 mg/L ZnO NPs, NH4
+
-N removal was 
significantly reduced (by an average of around 20%) compared to that at 1.0 
mg/L ZnO NPs (Hou et al., 2013). Liu et al., (2011) suggested that the IC50 of 
ZnO NPs for ammonia-oxidizing bacteria is 13.1 mg/L. Long-term exposure 
may lead to the accumulation of ZnO NPs in the wastewater treatment system 
and finally result in the ZnO NPs concentrations exceeding the tolerance limits 
of bacteria over time. These results may suggest that the effects of ZnO NPs 
on different bacterial activities may be highly dependent on the time of 
exposure. Additionally, different bacteria species (even with the same function, 
e.g. denitrification) have different tolerance to ZnO NPs (Chen et al., 2013). A 
complexly composed bacteria community (as in the activated sludge) may 
have a higher ability to acclimatize to ZnO NPs in the long-term through 
community dynamics. This could possibly explain the change in denitrifying 
activity along the exposure to different concentration of ZnO NPs observed in 















-P removal (Figure 4.6) showed an interesting trend upon exposure to 
different ZnO NPs concentrations. Prior to addition of ZnO NPs, the removal 
efficiency was 47.5%, which decreased significantly (p = 0.000) to 34.3% 
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during 1.0 mg/L ZnO NPs exposure, due to the inhibition effects of ZnO NPs 
on the bacteria growth and the phosphorus uptake. However, when ZnO NPs 
was increased to 10.0 mg/L, the average PO4
3-
-P removal efficiency increased 
to 47.4% (p = 0.000), which was similar to pre-ZnO NPs dosage level.  
 
This increase was considered to be due to the reaction between ZnO NPs and 
phosphate which result in the formation of zinc-phosphate and other larger 
phosphate complex substances. Figure 4.7 shows the concentration of 
phosphate precipitates in the mixed liquor during Phase II and Phase III of the 
experiment. The concentration of the phosphate precipitates was obtained 
from the difference in phosphate concentration between acidified mixed liquor 
and original mixed liquor samples. During low ZnO NPs concentration, the 
phosphate precipitate concentration was relatively constant at 5.0 mg/L. Upon 
the addition of 10 mg/L ZnO NPs, there was a steady increase to 14.5 mg/L in 
Day 192 before falling and stabilising at 8.7 mg/L by Day 242. As phosphate 
concentration in the feed remained constant throughout the entire run, one 
likely explanation for the increase in phosphate precipitates is the formation of 
zinc phosphates with the continuous dosage of ZnO NPs.  This explanation is 
plausible, considering the findings that considerable ZnO NPs in wastewater 
may quickly undergo a transformation due to their dissolution followed by 
complexation/precipitation reactions with phosphate and other ions (Lombi et 
al., 2012). The implications of this increase in precipitations on the Zn 




A summary of the effects of ZnO NPs on COD, TN and PO4
3-
-P is as given in 
Table 4.1 below.  
Table 4.1 Summary of effects of ZnO NPs on nutrient removal in 
wastewater 
Nutrient in wastewater Effects of ZnO NPs on nutrient removal 
COD  COD removal efficiency was not 
significantly affected at 1.0 mg/L ZnO NPs 
 Significant decrease in COD removal 
efficiency from 97.5% to 96.3% when NPs 
concentration increased from 1.0 to 10.0 
mg/L ZnO NPs 
 >90% COD removal was observed 
throughout the entire duration 
TN   Significant decrease in TN removal at both 
1.0 mg/L and 10.0 mg/L ZnO NPs 
 At low ZnO NPs concentration, decrease in 
TN removal was due to increase in effluent 
NO3
-
 -N  inhibition of denitrifying 
bacteria 
 At high ZnO NPs concentration, decrease in 









-P  Significant decrease in phosphorus removal 
upon 1.0 mg/L ZnO NPs exposure 
 Phosphorus removal recovered to pre-ZnO 
NPs dosage level during 10.0 mg/L ZnO 
NPs exposure 
 
4.2.2 Sludge characteristics 



















Figure 4.8 Changes in physical appearance of MBR reactor sludge (a. 
sludge inoculum, b. Day 89, c. Day 162, d. Day 242). 
Figures 4.8a-d show the changes in physical appearance of the MBR reactor 
sludge over time. It was observed that the reactor sludge was visibly darker 






















Figure 4.9 SEM observation of the activated sludge during the operation 
of the MBR (a. sludge inoculum, b. Day 69, c. Day 161, d. Day 240). 
 
The change in the morphology of the activated sludge was observed using 
SEM. The sludge inoculum (Fig. S1) and the sludge sample collected on Day 







NPs, the layer of EPS diminished on Day 161 and Day 240. Instead, it became 
a dense matrix directly surrounding the bacteria cells (Figure 4.9c and 4.9d), 
which is possibly a response of sludge bacteria to protect themselves from the 
toxic effects of ZnO NPs. This explanation is supported by one study which 
reported that the sludge would accumulate more EPS under toxic conditions as 
a protective response to toxicants (Sheng et al., 2010). However, as opposed to 
the loose EPS prior to ZnO NPs exposure, which led to aggregation and floc 




Figure 4.10 Changes of MLSS, MLVSS and SVI during the operation of 
MBR  
 
The average value of MLSS in MBR showed a slight drop upon ZnO NPs 
exposure (Figure 4.10). Prior to the addition of ZnO NPs, the average MLSS 
was 4.0 g/L. Upon exposure to 1.0 mg/L, the average MLSS value dropped to 
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3.5 g/L and maintained at the same level even at higher concentration of 10.0 
mg/L ZnO NPs. The MLVSS values followed a similar trend. Prior to ZnO 
NPs addition, average MLVSS was 3.6 g/L. It dropped to 3.0 g/L and 2.9 g/L 
respectively during 1.0 mg/L and 10.0 mg/L ZnO NPs exposure. 
Correspondingly, the average MLVSS:MLSS ratios during the control phase, 
1.0 mg/L ZnO NPs and 1.0 mg/L ZnO NPs exposure were 0.90, 0.86 and 0.83 
respectively.    
 
It has been reported that some types of NPs such as Ag and CeO2 NPs are able 
to depress cell viability (Choi et al., 2008; Ma et al., 2013). Hou et al (2015) 
similarly reported that exposure of high concentrations of CuO NPs (50 mg/L) 
decreased the cell viability of the activated sludge. In order to shed further 
insight into the toxic effects of ZnO NPs on the MBR activated sludge, further 
analyses of  ROS production and LDH release assays, which have been widely 
used to evaluate the influences of such toxicants on cell growth and viability 
(Gu et al., 2014; Ma et al., 2013), can also be conducted for ZnO NPs.  
 
 
The monitoring of the sludge SVI values (Figure 4.10) showed an increase 
from 40 ml/g MLSS on Day 69 to 56 ml/g-MLSS on Day 161 after 92 days 
continues exposure to 1.0 mg/L ZnO NPs, which further increased to 74.9 
ml/g-MLSS on Day 242 after the the ZnO NPs concentration was increased to 
10 mg/L. This observation is similar to one work which suggested that 
activated sludge flocs when exposed to long term exposure of 100.0 mg/L 
TiO2 NPs resulted in more stable bioflocs system and poorer flocculability 
78 
 
owing to the predominant repulsive forces between the NPs (Yang et al, 2013). 
In another study, it was also found that 50 mg/L CuO NPs caused a decrease 
in flocculation ability and this decrease corresponded to an observed increase 
in loosely-bound EPS content of the activated sludge (Hou et al., 2015). 
Furthermore, it was suggested that the decreasing amount of the C=O, C-N, 
and O=C-OH functional groups in the EPS observed in the same study could 
have contributed to a deterioration in the flocculation of the sludge (Badireddy 
et al., 2010). The actual mechanisms by which ZnO NPs affect the production 
and composition of activated sludge flocs need to be further investigated. 
 
4.2.2.2 Soluble microbial substances (SMP) and extracellular polymeric 
substances (EPS) 
As discussed in Section 4.2.2, ZnO NPs were shown to have effect on the 
sludge characteristics in the MBR system. Hence this section seeks to further 
examine the effect of ZnO NPs on the activated sludge properties, by 
monitoring SMP and EPS in terms of protein and polysaccharide 
concentrations (Figures 4.20a and 4.20b). At the same time, changes in TMP 
during the MBR operation were also monitored, and the implications of 
changes in SMP and EPS of the activated sludge due to ZnO NPs on 
membrane fouling rate will also be discussed.  
 
The physical changes on the membrane surface are shown in Figures 4.11a-c. 
Two sheets of membrane were fitted into the module at the beginning of the 
experiment and they were replaced by another two fresh sheets of membrane 
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on Day 69 upon the addition of ZnO NPs into the system (Figure 4.11a). On 
Day 189, TMP increased to -20 kPa and the membrane module was removed 
from the system for physical cleaning of membranes using tap water. Figure 
4.11b shows the membrane prior to cleaning. At the end of the experiment on 
Day 242, physical attachment of sludge onto membrane surface could be 











Figure 4.11 Changes in physical appearance of membrane during 








Figure 4.12a Changes of SMP during the operation of MBR 
 
 
Figure 4.12b Change of EPS during operation of MBR 
 
Prior to ZnO NPs addition, the average SMP concentration was 4.8 mg/g 
MLVSS, of which the polysaccharide concentration was 4.5 mg/L (or 1.3 
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mg/g MLVSS). This polysaccharide concentration falls within range of 20-100 
mg/L of lab-scale MBR and filtration trials (Kraume et. al., 2009). The 
average protein concentration was 3.5 mg/g MLVSS. Significant effects (p < 
0.05) were observed on SMP during the addition of 1.0 mg/L ZnO NPs 
(Figure 4.12a). Both protein and polysaccharides concentrations increased 
immediately in response to 1.0 mg/L ZnO NPs and peaked at around Day 100 
at 44.5 mg/g MLVSS and 33.3 mg/g MLVSS, respectively, before decreasing 
and stabilizing by Day 160. As ZnO NPs concentration was increased to 10.0 
mg/L, the SMP protein and polysaccharides concentrations increased again. 
On Day 242, the polysaccharides and protein concentrations were 16.2 mg/g 
MLVSS and 40.2 mg/g MLVSS respectively.  
 
Mei et al. (2014) also showed that short-term exposure of ZnO NPs on MBR 
sludge result in increased SMP production with high NPs concentration (0-
297.4 mg/L). According to a unified theory proposed by Laspidou and 
Rittmann (2002), SMPs can be subdivided into two categories: substrate-
utilization-associated products (UAPs), which are produced directly during 
substrate metabolism, and biomass-associated products (BAPs), which are 
formed from biomass, mainly from hydrolysis of bound EPS. It is thus 
proposed that in the MBR system, the increased SMP content could also have 
originated from hydrolysis of bound EPS, as indicated in the SEM observation 
(Figure 4.9) that there was significantly change in EPS type and morphology 




For EPS (Figure 4.12b), the average concentration was 102.5 mg/g MLVSS 
prior to ZnO NPs addition during the first 68 days of operation. Average 
protein concentration was 73.1 mg/g MLVSS while average polysaccharides 
concentration was 29.4 mg/g MLVSS. During 1.0 mg/L ZnO NPs exposure, 
there was significant increase in protein content (p = 0.000) from an average 
of 73.1 mg/g MLVSS to 101.1 mg/g MLVSS from Day 69 to Day 160. 
However it dropped back to an average of 70.2 mg/L during the 10.0 mg/L 
ZnO NPs exposure. The average polysaccharides concentration was 28.4 mg/g 
MLVSS and 15.5 mg/g MLVSS during 1.0 mg/L and 10.0 mg/L ZnO NPs 
exposure respectively. Overall, no significant change (p > 0.05) was observed 
in average polysaccharides concentrations throughout the entire duration.  
 
EPS functions as a physical barrier keeping NPs from reaching cells as it 
destabilizes NPs (e.g. Ag NPs) by increasing their hydrodynamic diameter 
(HDD) and promote their aggregation, thereby helping to reduce their toxicity 
(Joshi et al., 2012). It was reported that fullerenes NPs showed a change in the 
degree of removal when EPS was extracted from the biomass (Kiser et al., 
2010). The reaction of sludge bacteria in EPS production in response to ZnO 
NPs exposure is thus hypothesized as follows. When the activated sludge was 
first exposed to ZnO NPs, the bacteria responded by increasing EPS 
production, presumably as a defence mechanism against nanotoxicity. At a 
high enough EPS concentration, NP-microbial cell interaction was impeded 
(due to increased electric repulsion, decreased van der waals forces of 
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attraction and/or increased steric repulsion between particles), thereby 
reducing the need for continued EPS production for protection.   
 
Furthermore, it has been shown that organic matters increase the stabilization 
of NPs in the aqueous state (Diegoli et al., 2008; Domingos et al., 2009; Zhang 
et al., 2009). Made up of large amount of soluble organic matter, SMP could 
have a similar effect on NPs stability in aqueous state. The increase in the 
SMP content (Figure 4.12a) thus increases the amount of NPs in the aqueous 
solution, and reduces their direct contact with the activated sludge and bacteria 
(as confirmed in the Zn content analysis, see later discussion in Section 4.3). 
This could also be a reason why EPS concentration did not further increase but 
instead decreased at a higher ZnO NPs concentration.  
 
In addition, the trans-membrane pressure (TMP) variation was also compared 
against SMP and EPS concentrations (Figures 4.12a and 4.12b). The TMP 
variation gives an indication of the membrane fouling rate, which can also be 
observed from the changes in physical appearances of membrane during the 
operation of the MBR (Figures 4.11a-c).  There was almost constant TMP 
during the initial 40 days before a steady increase until Day 63, followed by a 
sharp increase in TMP until Day 68. This follows the typically encountered 
three-stage TMP transient under constant flux operation (Le-Clech et al., 2006; 
Zhang et al., 2006). A new piece of membrane was used on Day 69 upon the 
dosage of 1.0 mg/L ZnO NPs, hence the drop in TMP. On average, TMP was -
5.7 kPa and -6.8 kPa before and after 1.0 mg/L ZnO addition, respectively. 
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The increase in TMP during 1.0 mg/L ZnO NPs was much faster than that 
during the control period as it took only 47 days (i.e. from Day 69 to Day 116) 
to reach pre-ZnO NPs-dosage-level (i.e. which took 69 days to reach the same 
level without ZnO NPs). During this period, total SMP and EPS concentration 
also showed steady increase, suggesting a correlation with the membrane 
fouling rate. The subsequent increase in TMP from Day 116 to Day 130 was 
most probably due to the increase in EPS rather than SMP production since it 
dropped during this period. This was followed by a period of constant TMP 
until Day 165 as both SMP and EPS concentration remained fairly stable. The 
addition of 10.0 mg/L ZnO NPs on Day 161 was followed by a continual sharp 
increase in TMP to a peak on Day 189 before membrane cleaning was done. 
This increase again corresponded with the increase in SMP. In the final 49 
days, the increase in TMP was similar to that during the 1.0 mg/L ZnO NPs, 
suggesting a similar rate of membrane fouling for both low and high ZnO NPs 
concentration. 
 
The effects of SMP and EPS on membrane fouling have been intensively 
investigated and both of them were recognized as major membrane foulants 
(Lin et al., 2014, Wang et al., 2009).  SMP represent the pool of organic 
compounds that are released into solution from substrate metabolism (typically 
with biomass growth) and biomass growth. Studies had reported that SMP 
concentration decreases with increasing SRT, with higher concentrations of 
SMP at lower dissolved oxygen concentrations (Meng et al, 2009). In general, 
EPS have been linked to fouling and cake resistance by several studies, with 
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higher concentrations of EPS resulting in increased cake resistance and higher 
fouling rates. Concentrations of EPS are also closely connected to activated 
sludge characteristics that affect membrane performance and fouling, 
including flocculation ability, hydrophobicity, surface charge, and sludge 
viscosity, which consequently affects membrane performance and fouling in 
MBRs (Meng et al., 2009).  
 
However due to the complexity of membrane fouling and the interactions of 
the various membrane foulants, it was not easy to quantify the exact 
contribution of SMP and EPS to fouling. This is because SMP and EPS 
concentrations are dependent on numerous factors such as the HRT, F/M ratio, 
substrate concentration, MLSS concentration, SRT among others. The SMP 
and EPS concentrations, in turn, affect other parameters such as the sludge 
relative hydrophobicity (RH), and viscosity. Therefore, it may be difficult to 
isolate their impact on membrane fouling.  
 
Nevertheless, the effects of SMP and EPS on the different fouling mechanisms 
can be examined. In MBRs, where membranes with microporous structure 
were used, most soluble organics, including SMP could enter and partially 
accumulated on the membrane pores due to their sticky properties. Hence 
SMP contribute to significant membrane fouling mainly through pore clogging 
(Barker and Stuckey, 1999). Usually pore clogging takes place first and hence 
is indicated by the first rise in TMP in long term MBR operation. EPS can lead 
to a second stage of membrane fouling, caused by floc adhesion and cake 
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formation on membrane surface. In this work, the MBR sludge morphology 
underwent noticeable changes upon prolonged exposure to ZnO NPs, with a 
decrease in floc size as seen in the SEM images (Figure 4.9a-d). The reduction 
in floc size also showed a correlation with the decrease in EPS content, a trend 
similarly reported in the work of Massé et al (2006). As EPS content started 
decreasing in the MBR from Day 130 onwards, the TMP continued to increase. 
This could be explained by the fact that smaller flocs possess higher attractive 
interaction energy per unit mass when they contact the membrane surface 
(Meng et al., 2007, Lin et al., 2011), and consequently are able to deposit more 
easily, thus resulting in increased membrane fouling rate. 
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4.3 Fate of ZnO nanoparticles 
 
4.3.1 Solubility of ZnO NPs 
As ZnO NPs are known to be slightly soluble, both Zn
2+
 and total Zn contents 
in the influent were analysed. The methods for sample preparation for both 
types of Zn measurement have been discussed in detail in Section 3.4.7. 
 
Figure 4.13 Soluble Zn
2+
 and total Zn concentrations in influent 
 
Figure 4.13 compares the soluble Zn
2+
 and total Zn concentrations in the 
influent. During Phase 2 of the experiment (i.e. from Day 69 to Day 160), the 
average soluble Zn
2+
 and total Zn concentrations were 0.13 mg/L and 1.01 
mg/L respectively. This means that 12.9% of the ZnO NPs are soluble in 
wastewater during this period. During Phase 3 of the experiment (i.e. from 
Day 161 to Day 242), the average soluble Zn
2+
 and total Zn concentrations 
were 0.33 mg/L and 10.36 mg/L respectively, which led to 3.2% of ZnO NPs 
dissolving during this period. These results suggest that the degree of 
dissolution of ZnO NPs in wastewater is lower at higher concentration.  
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4.3.2 Removal behaviour of ZnO NPs  
The removal behaviour of ZnO NPs in the MBR system was investigated by 
monitoring the total Zn concentration in the influent, effluent, supernatant of 
the mixed liquor and activated sludge using ICP-MS. 
 
Figure 4.14 ZnO NPs removal and the changes in Zn content in activated 
sludge in the MBR 
 
Figure 4.14 shows the removal of ZnO NPs (in terms of Zn) and the Zn 
content in the activated sludge. Except on a few occasions, the removal of Zn 
was higher than 95% throughout the entire duration. The Zn content in the 
activated sludge increase substantially from 0.4 mg Zn/g MLSS on Day 63 
before ZnO NPs addition to 12.0 mgZn/g MLSS on Day 160 (the end 1.0 
mg/L ZnO NPs exposure), and further raised to 75 mg Zn/g MLSS on Day 242 
(the end 10.0 mg/L ZnO NPs exposure). This increase in Zn content in the 
sludge suggested that biosorption played an important role in ZnO NPs 
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removal from wastewater. This result is similar to that of other studies which 
reported biosorption of Zn and other heavy metals from aqueous solutions by 
activated sludge (Remenarova et al., 2012, Laurent et al., 2010).  
 
Park et al., 2013 reported that removal of three types of NPs (i.e. Ag NPs, 
TiO2 NPs and SiO2 NPs) by activated sludge increased in the presence of EPS 
in both DI water and synthetic wastewater, suggesting that EPS plays an 
important role in the removal of NPs by activated sludge. The increased 
removal of NPs in EPS was explained by the enmeshment of NPs within the 
EPS and subsequent removal by sedimentation. However it should be noted 
that this observation contrasted with the result of another study, which 
reported little contribution of EPS on Ag NPs and TiO2 NPs removal by 
activated sludge (Kiser et al., 2010). In this case, the activated sludge 
concentration was lower than both actual on-site conditions during activated 
sludge processes and that in the former study. The low activated sludge 
concentration and consequently lower EPS concentration could thus have 
contributed to the differences in results between the two studies. As removal 
efficiencies depended on the type of NPs and could be affected by the NP 
stability relative to the hydrodynamic diameter (HDD) and zeta potential, 
further investigations need to be done to examine the actual mechanisms of 





Figure 4.15 Changes in Zn content in influent, effluent and supernatant 
 
The Zn concentration in influent, effluent and supernatant of the mixed liquor 
are shown in Figure 4.15. As the supernatant was collected from the upper 
layer of the settled sludge, the difference in Zn content between influent and 
supernatant in this case could be considered similar as their removal in CAS 
system. The remaining difference between supernatant and effluent Zn content 
would attribute to membrane rejection. During the period of 1.0 mg/L ZnO 
NPs exposure, both supernatant and effluent Zn content were consistently low. 
On an average, the Zn removal by settling accounted for 80% while overall Zn 
removal was 96%. This result is comparable to that in a simulated wastewater 
treatment process in which the simulated primary clarification removed 70% 
of ZnO NPs before an almost complete removal of these NPs in the 
subsequent SBR (Hou et al., 2013). Several studies, including both full scale 
wastewater treatment plant and laboratory experiments have reported >90% 
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removal of NPs. In addition, significant amount of the Zn removal via sorption 
onto activated sludge occurred before membrane rejection (Kaegi et al., 2011; 
Gottschalk et al., 2009) at low ZnO NPs concentrations. However, at a higher 
ZnO NPs concentration (10.0 mg/L), the Zn concentration in supernatant was 
significantly higher at an average of 2.1 mg/L, compared to 0.2 mg/L in the 
previous phase, which was possibly due to the increase production of SMP 
under higher ZnO NPs concentrations and the resultant stabilization of the NPs 
as mentioned previously. The Zn concentration in the effluent remained low, 
as the overall Zn removal stayed at an average of 98% while the Zn removal 
by settling dropped to 79%. This showed that membrane rejection played an 
important role in Zn removal at higher ZnO NPs concentration in MBR. 
 
4.3.3 Mass balance of Zn 
A mass balance of the total Zn loading in the influent, effluent, supernatant 
and in the reactor was performed (Figure 4.16). The test procedures for this 
MBR system followed closely that of the OECD guidelines for testing of 
chemicals (OECD, 2001), a set of comparable testing methods and 
standardized test protocols which are most often referred to for regulatory 
purposes. The OECD 303 A was originally developed for the testing of water 
soluble organic compounds. Since an inorganic compound (i.e. Zn content) 
was analyzed in this study, the results here would represent the distribution 
between activated sludge and the effluent rather than biodegradability. In 
principle, the total Zn introduced into the system should be detected in the 
activated sludge and in the outflow of the system. The mass balance is 
obtained by comparing the sum of total Zn dosed into the system with the total 
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sum of all fractions of total Zn remaining in the system after outflow. The 
calculation of the overall Zn balance is a strong instrument for the 
determination of the reliability of the treatment process as well as of the 
analytics. 
 
Figure 4.16 Mass balance of total Zn in the MBR 
 
Figure 4.16 shows that the cumulative Zn exiting and remaining in the system 
was a close match of 93.5% to the cumulative Zn loaded into the system 
before Day 160. However, it decreased to about 72.3% of the cumulative Zn in 
at the end of the operation on Day 242. Based on the OECD Guideline 314 
‘‘Simulation tests to assess the biodegradability of chemicals discharged in 
wastewater’’, the recommended target recoveries of radioactivity from the test 
matrix is 85–110% (average). Our results for Phase II (i.e. 1.0 mg/L ZnO NPs) 
fall within the range of this target while that for Phase III (i.e. 10.0 mg/L ZnO 
NPs does not. One possible reason for the deviation could be due to the fact 
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that while the OECD 303A test is usually performed at one definite 
concentration, the dosage of ZnO NPs in this experiment was split into two 
concentrations of 1.0 mg/L and 10.0 mg/L ZnO. This split increases the 
uncertainty of the mass balance. Another source of error could be due to the 
uncertainties in terms of the representativeness of the sampling, especially of 
the sludge, which tends to settle or to accumulate on reactor surfaces. 
Normally in the standard procedure of the OECD 303A test, only the effluent 
concentrations are considered in the evaluation and not those in the sludge. 
Finally it should be noted that the analysis of the Zn content in the sludge at 
the end of the test is crucial and small errors in sampling or analysis could 
have led to significant deviations from the true value. 
 
By Day 242, the distribution of Zn content was about 65.9% remaining in the 
waste sludge, 33.8% remaining in reactor sludge, and 0.3% in effluent. This 
supports the conclusion that a major removal pathway of ZnO NPs from 
wastewater is through sorption by the activated sludge, which accounts for 
71.9 % (desludge + sludge in the reactor) of the added Zn. The dissolution 
profile of ZnO NPs shows that Zn
2+
 concentration stays at average values of 
0.13 mg/L in Phase II (i.e. 1.0 mg/L ZnO NPs) and 0.33 mg/L in Phase III (i.e. 
10.0 mg/L ZnO NPs) of the entire experiment, showing that the majority of Zn 
remained in the solid form. However, that did not necessarily suggested that 
the majority of Zn remain as ZnO NPs, as the changes in physiochemical 
properties, especially dissolution and transformation of ZnO NPs may occur at 




, etc) and dissolved 
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organic matter. A study on the effects of ZnO NPs on anaerobic digestion 
reported that after 10 days of incubation, most of the ZnO NPs had undergone 
dissolution followed by complexation/precipitation reactions, mainly with 
sulfides species, but also with phosphate and citrate (Lombi et al., 2012). The 
Zn speciation of the MBR activated sludge may further examined using X-ray 
absorption spectrometry to determine the transformation of ZnO NPs in the 
MBR system.  
 
At a concentration (10.0 mg/L) higher than the present environment relevant 
concentration, results here showed that the risk that ZnO NPs may pose further 
threats to the water environment was significantly reduced after wastewater 
treatment by MBR, since a high removal rate of 98% without the space 
requirement of primary clarifier as in a CAS system was constantly achieved. 
The MBR system could be an effective process in the control of the release of 
ZnO NPs to the environment. However, since a high portion of Zn (i.e. 65.9%) 
was remained in the biosolids, it poses a problem in the downstream treatment 
of the ZnO NPs rich waste sludge (Mu and Chen, 2011). 
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4.4 ZnO nanoparticles effect on bacterial community 
The bacterial community structure and its dynamics were analyzed using 16S 
rRNA gene based PCR–DGGE. Each vertical lane corresponds to a single 
sludge sample. Each horizontal band within the lanes corresponds to one strain 
of bacteria. A higher band intensity indicates a larger population of that 
particular strain of bacteria in the MBR. 
 
 
Figure 4.17 DGGE fingerprint patterns of MBR bacterial community 
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DGGE fingerprint patterns (Figure 4.17) showed bacteria species (S7, S15, 
S21, S33) that were tolerant at both low (1.0 mg/L) and high (10.0 mg/L) ZnO 
NPs concentration. However, some bacteria species (e.g. S11) decreased with 
the addition of 1.0 mg/L ZnO NPs and completely disappeared with the 
addition of 10.0 mg/L ZnO NPs, suggesting their elimination due to the toxic 
effects of ZnO NPs. In contrast, other species (e.g. S33) decreased at 1.0 mg/L 
ZnO NPs (Day 143) but recovered over time (by Day 161) and subsequently 
present throughout, showing their acclimatization to the ZnO NPs. At the same 
time, development and predomination of new bacteria species (e.g. S18, S31) 
was also observed, while some (e.g. S19) that have lost their domination 
however still managed to survive until the end of the experiment. Higher ZnO 
NPs (10.0 mg/L) resulted in the further elimination of the low-resistant 
bacteria species (e.g. S11) and the development of high-resistant new ones (e.g. 
S3, S8 and S12). On the whole, the bacterial community showed robust 
performance over the exposure of the ZnO NPs, since a majority (15 in 21 of 
Day 55) of the dominated species was able to survive until the end of the 
experiment. The loss of low-resistant species and the development of high-
resistant ones occurred simultaneously which off-set the diversity loss of the 
whole community. Shannon-Wiener diversity index calculation (Table 4.2) 
also indicated that there is no significant sign that the diversity of bacterial 





Table 4.2 Shannon-Wiener diversity index of the bacterial community in 
MBR 
Sample Diversity index (H’) 
Sludge inoculum 2.836 
Day 55 2.895 
Day 143 2.992 
Day 161 2.885 
Day 174 2.873 
Day 190 2.984 
Day 221 3.012 
 
 
Figure 4.18 Cluster analysis of bacterial community dynamics in MBR. 
 
Despite the robust performance of the community, several major shifts in the 
bacterial community structure was observed in cluster analysis using 
unweighted pair group method with arithmatic mean (UPGMA) (Figure 4.18). 
The first shift was between the inoculum and the sludge before the addition of 










55 and during 1 mg/L ZnO NPs exposure on Day 143. The third major shift 
was between Day 161 (before) and Day 221 (after) following the addition of 
10.0 mg/L ZnO NPs. This suggests that change in bacterial community due to 
exposure to ZnO NPs occurred after the addition of each concentration of NPs. 
The sludge clusters following 1.0 mg/L dosage (i.e. from Day 55 onwards) 
shows a smaller degree of similarity of 68% compared to that following 10 
mg/L dosage (i.e. from Day 161 onwards) with a similarity of 78%, suggesting 
that a lower ZnO NPs concentration have a slightly higher impact on change in 
bacterial community than at higher ZnO NPs concentration. This confirms the 
above-mentioned speculation that long-term exposure of 1.0mg/L ZnO NPs 
allowed the sludge bacteria to acclimatize the toxic effects of ZnO NPs, thus 
resulting in a less significant response at a higher ZnO NPs concentration 
(10.0 mg/L). The bacterial community structures on Days 161 and 174 showed 
about the same similarity to each other compared to these on Days 190 and 
221 (i.e. 82% and 85% respectively). Hence, changes in bacterial community 




5.1 Effects of ZnO NPs on removal efficiencies 
Long-term effects of ZnO NPs on the wastewater treatment in a MBR system 
were investigated in terms of system performance, activated sludge 
characteristics, membrane fouling and bacterial community dynamics. ZnO 
NPs caused moderate decrease in COD, nitrogen and phosphorus removal 
efficiencies in the system. COD removal and total nitrogen removal 
efficiencies remained relatively high at 95.2% and 86.7% respectively even 
during 10.0 mg/L ZnO NPs exposure. Phosphorus removal efficiency dropped 
from 47.5% to 34.3% during 1.0 mg/L ZnO NPs exposure, but recovered to 
52.1% during 10.0 mg/L ZnO NPs. The recovery of phosphorus removal could 
be explained by increased precipitation of zinc phosphates which led to its 




-N removal in the MBR system was consistently high at 99.3% even after 
91 days continuous exposure to 1.0 mg/L ZnO-NPs. However, a relatively 
remarkable decrease to 97.2% (p<0.05) was observed when ZnO-NPs 
concentration was increased to 10.0 mg/L. At low ZnO NPs concentrations 
(1.0 mg/L), denitrifying activity was initially affected upon the exposure of 
ZnO NPs but recovered after 62 days (i.e. Day 130 onwards). However, 
effects on nitrifying activity manifested only after long-term and at higher 
ZnO NPs of 10.0 mg/L. There was significant increase (p=0.000) in effluent 
NH4
+
-N concentration, indicating the inhibition of the ammonia-oxidizing 
activity. Effluent NO3
-
-N level experience a less evident increase and peaked 
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at Day 224 before decreasing. The effluent NO2
-
-N remained at very low level 
(<0.5 mg/L) throughout the experiment, suggesting that ZnO NPs did not 
evidently affect the nitrite-oxidizing activity. 
 
5.2 Effects of ZnO NPs on sludge characteristics 
ZnO NPs caused significant changes in activated sludge properties such as 
reduced sludge floc size and poorer settleablity. SEM images showed 
significant changes in sludge morphology; the EPS envelop over sludge 
inoculum changed into a dense matrix directly surrounding the bacteria cells 
after long term exposure to ZnO NPs. However, long-term exposure to low 
ZnO NPs concentrations (1.0 mg/L) brought about an acclimatization of the 
sludge bacteria to ZnO NPs and resulted in a less significant response when 
ZnO NPs was increased to 10.0 mg/L. Sludge EPS and SMP production also 
increased over time with ZnO NPs exposure, thus resulting in higher TMP 
increase and hence increased membrane fouling in the MBR.  
 
5.3 Effects of ZnO NPs on bacteria community in MBR 
Several major changes in the bacterial community structures were revealed by 
PCR-DGGE, and the change in bacterial community due to exposure to ZnO 
NPs occurred after the addition of each concentration of NPs. At high 
concentration of ZnO NPs (10 mg/L), the changes in bacterial community 
became less evident over time. However the diversity of the community was 
not evidently affected as shown by Shannon Shannon-Wiener diversity index 
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calculation. Overall, the MBR is able to maintain robust performance against 
the impacts of ZnO NPs.  
 
5.4 Fate of ZnO NPs in MBR 
ZnO NPs was removed efficiently in MBR (>98%). Mass balance analysis 
suggested a major removal pathway via biosorption (which accounted for 
71.9% of the total removal). Membrane filtration also played an important role 
(accounting for around 20% of the total removal) in removing ZnO NPs, 
especially at high ZnO NPs concentrations (10 mg/L) where only gravitational 
settling was not capable to remove these NPs. 
 
Overall, the results seemed to suggest that MBR systems were more resistant 
to NPs exposure compared to CAS systems. In this study, the specific dosages 
of ZnO NPs in MBR were higher than that in the short-term exposure (i.e. 
specific dosage 4.3 mgZnO/gMLSS, Zheng et al. 2011) and long-term 
exposure test (i.e. specific dosage 2.1 mgZnO/gMLSS, Hou et al., 2013) in 
SBR. The robustness of the MBR system could possibly be attributed to the 
higher MLSS concentrations present in MBRs and the fact that toxicity effects 





6.1 Effect of ZnO NPs in MBR using municipal wastewater 
The actual environment in real municipal wastewater is more complex than 
that present in synthetic wastewater. Studies have shown that environmental 
factors such as aqueous pH, ionic strength, and nanoparticle size influence the 
behaviour of NPs in the environment. In addition, municipal wastewaters are 
usually high in NOM, and recent studies have shown that dissolved NOM 
enhances the stability and dissolution of NPs in water. This may subsequently 
impact the behaviour and fate of NPs in the wastewater process and their 
effects on the treatment efficiency of the wastewater processes.  As discussed 
in this report, ZnO NPs have been shown to have significant impacts on the 
various removal efficiencies in a MBR system, and it will hence be iimportant 
to extend the investigation to a MBR system using real municipal wastewater. 
 
In addition, as ZnO NPs are known to be slightly soluble in aqueous 
environments, it is a challenge to ascertain whether any effects on wastewater 
treatment process are attributed to the free Zn
2+
 ions alone, the ZnO NPs alone 
or a combination of both. Hence for further comparison, it is recommended to 
include an intermediate phase between the control (i.e. 0 mg/L ZnO NPs) and 
Phase I (i.e. 1 mg/L ZnO NPs) consisting of ZnCl2. This is to investigate the 
effect of Zn
2+






6.2 Transformation of ZnO NPs in MBR system 
Similar to most metal-containing nanoparticles used in everyday consumer 
products, the main environmental release pathway for ZnO NPs is through 
wastewater treatment and the succeeding utilization of sewage sludge in 
agriculture. Although a large amount of information regarding the risk 
assessment of Zn in sewage sludge for the purpose of reuse in agriculture is 
available, there is a current gap in knowledge of whether the final speciation in 
sewage sludge of Zn originating from ZnO NPs is similar to that of Zn 
originating from other sources commonly present in wastewater, e.g. dissolved 
Zn. At present, there are only a handful of studies which examined the changes 
in Zn speciation in wastewater and activated sludge.  In one study, it was 
reported that phosphates (a major source of contaminant in wastewater) have 
significant influence on the dissolution and microstructural transformation of 
ZnO NPs in wastewater (Lv et al., 2012). In a separate report, results showed 
that Zn in various forms, i.e. native Zn in wastewater, Zn added as soluble salt, 
and added ZnO NPs, were rapidly converted to sulfides in various post-
treatment processing of sewage sludge (Lombi et al., 2012). More research is 
needed in this direction; and it will be important to further examine the 
changes in Zn speciation, specifically in the MBR system in the presence of 
ZnO NPs. This can help to shed more light into whether there is the need for 




6.3 Impact of ZnO NPs on MBR bacterial community 
In this study, several major changes in the bacterial community structures 
were revealed by PCR-DGGE, although the diversity of the community was 
not evidently affected. However due to the limitations of DGGE, the identity 
of bacteria strains could not be established. More detailed work to identify the 
changes in functional bacteria in activated sludge due to the addition of ZnO 
NPs can be done using other DNA and RNA analyses i.e. RNA-based terminal 
restricted fragment length polymorphism (T-RFLP), 16S rcDNA gene clone 
library and real-time reverse transcription-PCR (RT-PCR) analyses.  By 
determining the bacterial species, it will help to validate the results of changes 
in treatment removal efficiencies and also help to identify the mechanisms by 
which toxicity of ZnO NPs take effect. 
 
6.4 Effect of ZnO NPs on physiochemical stability of MBR activated 
sludge flocs 
As previously discussed, physiochemical stability of activated sludge plays an 
important role in the performance of wastewater treatment systems. 
Physicochemical properties of activated sludge usually refer to flocculating 
ability, sludge settling, and sludge dewatering. It had also been discussed that 
EPS may determine the physiochemical properties and give the flocs their 
structural and functional integrity. Even though MBR operates on the principle 
of filtration rather than settling in removal of suspended solids, the effect of 
ZnO NPs on EPS production and flocculating ability of activated sludge will 
nevertheless have an impact on ZnO NPS removal and membrane fouling. 
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Studies on the effects on the physiochemical stability of activated sludge are 
fairly limited at the moment, and even so, most studies have been conducted 
on activated sludge using SBR. There have yet to be studies on the effects of 
NPs on physiochemical stability of MBR sludge.  
 
6.5 Impact of ZnO NPs on membrane fouling 
Preliminary findings in this study suggest that long term exposure of ZnO NPs 
not only affects sludge characteristics including settlability and morphology, 
but also have significant effects on SMP and EPS concentrations. 
Consequently, all these will have an impact on membrane fouling rates in the 
MBR. The study on bacteria community also showed remarkable shifts in 
bacteria community structure in the presence of ZnO NPs. It has been 
previously reported that that bacterial strains from the membrane surface were 
distinctly different from those from the bulk solution (Piao et al., 2006). 
Hence, it is recommended for further work be done on the characterization of 
membrane fouling in MBRs by investigating the effect of ZnOs on biofilm 
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Appendix A1: Standard curves 
 
 
Figure A1.1 Standard curve for COD (High concentration) 
 



























Figure A1.7 Standard curve for Polysaccharides 
 
Figure A1.8 Standard curve for Proteins 
127 
 
Appendix A2: EDX Analysis 
Figure A2.1: Elemental content of sludge on Day 69  
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Figure A2.4 Elemental content of sludge on Day 240 
 
 
